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A Note on Format 

This M.S. thesis has been prepared using the „embedded manuscript‟ format; in other 

words, the Technical Component (Part II) of this thesis has been written so as to be 

journal-ready. 

Section I. Background of the Problem 

Introduction 

 

Central Indiana has been the location of many automotive and metal processing 

operations along with electroplating, textile manufacturing, pigment manufacturing, and 

wood preserving. Consequently, chromium (Cr) and cadmium (Cd) have been released at 

many industrial locations via leakage and improper storage during manufacturing and 

improper disposal practices resulting in soil and groundwater contamination (Palmer and 

Puls, 1994; U.S. EPA, 1984; U.S. EPA, 2000).  

Currently, Indiana has fourteen National Priorities List (NPL) (Superfund) Sites 

which are highly contaminated with Cr, and 14 more with Cd. According to U.S. EPA 

data for sites for which Records of Decision have been signed, chromium is the second 

most common metal found at NPL sites. Additionally, there are four sites which are not 

considered as NPL sites, even though they are known to be enriched in Cr (three) and Cd 

(one). (U.S. EPA, 2008; U.S. EPA, 2000).  

The World Health Organization (WHO) and the U.S. EPA have classified 

hexavalent chromium as a human carcinogen (Group A) via the inhalation route of
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exposure. U.S. U.S. EPA has classified cadmium as a probable human carcinogen (Group 

B1) (ASTDR, 2000; U.S. EPA, 2008). 

Within the environment, chromium is found in two oxidation states: trivalent 

Cr(III) and hexavalent Cr(VI). Trivalent Cr has relatively low toxicity. In contrast, 

hexavalent Cr is considered a health hazard. Cadmium is rarely found in nature as the 

pure metal. At contaminated sites, Cd exists primarily as the Cd(II) ion (the predominant 

oxidation state in nature), Cd-CN
-
 complexes, or Cd(OH)2, depending on pH and waste 

processing prior to disposal (Palmer and Puls, 1994; U.S. EPA, 1995).  

Conventional treatment approaches for metals-contaminated sites, such as 

groundwater pump and treat of, and ex-situ treatment (e.g., removal of soil), have been 

used. Pump-and-treat systems have proven expensive and in many cases ineffective at 

achieving the proposed level of cleanup. The main reasons have been that the system 

extracts and treats clean water along with polluted water. Also, total remediation takes 

longer than predicted because contaminants are trapped in fine-grained zones, and 

contaminants that were previously precipitated or adsorbed to mineral surfaces are 

released slowly (Blowes et al., 1997; Blowes et al., 1995; U.S. EPA, 2000).  

It has been determined that naturally-occurring reductants can transform the more 

toxic hexavalent form of chromium to the less toxic trivalent form. Under alkaline to 

slightly acidic conditions Cr(III) precipitates as a fairly insoluble hydroxide, thereby 

immobilized in the soil. Such “natural attenuation” of hexavalent chromium is significant 

because it suggests that strict water-quality standards do not need to be attained 
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everywhere within the site. If natural attenuation does occur, pump-and-treat remediation 

of a contaminated site would not be necessary anymore (Palmer and Puls, 1994). 

In-situ techniques have been applied with increasing frequency at contaminated 

sites and include permeable reactive barriers (PRBs), soil flushing, electrokinetic 

technologies and phytoremediation (Blowes et al., 1997; Blowes et al., 1995; U.S. EPA, 

2000). 

The PRBs technology has generated a significant interest among researches. This 

is to due to the perceived cost/benefit ratio and the potential of PRBs to mitigate the 

spread of contaminants that have proven difficult and expensive to manage with other 

cleanup methods (U.S. EPA, 1998). Permeable reactive barriers are constructed by 

excavating a portion of the aquifer and replacing the aquifer material with a permeable 

mixture to react with the contaminant. The plume of contaminated ground water must 

move through it as it flows, typically under its natural gradient, and treated water comes 

out the other side. This technology is considered among the most promising new 

technologies to remediate contaminated soil and groundwater (Blowes et al., 1997; 

Blowes et al., 1995; U.S. EPA, 1998). 

Review of literature 

 

The Comprehensive Environmental Response, Compensation, and Liability Act 

of 1980 (CERCLA, P.L. 96-510, December 11, 1980) was enacted by the U.S. Congress 

as a result of numerous serious environmental contamination episodes (CRS, 2007). The 

Act was enlarged and reauthorized by the Superfund Amendments and Reauthorization 

Act of 1986 (SARA, P.L. 99-499). 
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 Superfund sites are known to be contaminated with hydrocarbons (e.g., raw 

petroleum, refined fuels, and petrochemicals), metals, or a combination of both. The 

metals or metalloids most commonly found at Superfund sites include arsenic (As), Cd, 

Cr, copper (Cu), lead (Pb), mercury (Hg), nickel (Ni), selenium (Se), silver (Ag), and 

zinc (Zn) (McLean and Bledsoe, 1992). These metals have been documented to 

contaminate soils, groundwater, and surface water.  

There are two primary reasons for concern over elevated concentrations of heavy 

metals in soils. First, elevated human and animal exposure to metals can occur through 

transfer up the food chain, ingestion of wind-blown dust, or direct ingestion of soil. The 

second relates to the phytotoxic potential of the metals, which can limit plant growth and 

crop production (Grasmück and Scholz, 2005). Both concerns occur for chromium and 

cadmium, two metals commonly used in industry and also common soil contaminants. 

 

Chemical, Environmental, and Health Significance of Chromium 

 

Significant sources of Cr to the biosphere include the chemical manufacturing 

industry; combustion of fossil fuels (natural gas, oil, and coal); wastewaters from 

electroplating, leather tanning, and textile industries; incineration of municipal solid 

waste (MSW) and sewage sludge; cement manufacture; and emissions from air 

conditioning cooling towers that use Cr compounds as rust inhibitors (U.S. EPA, 1994a; 

Nriagu, 1988).
 

Chromium occurs in natural soils primarily in two oxidation states, as the trivalent 

Cr(III) and hexavalent Cr(VI) species, in concentrations ranging from 7-220 mg/kg 

(McBride, 1994). Most soil Cr, however, exists as Cr(III) (chromic) and occurs within 
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mineral structures or as mixed Cr(III) and Fe(III) oxides. Trivalent Cr resembles Fe(III) 

and Al(III)
 
in ionic size and in geochemical properties; for example, Cr(III) readily 

substitutes Fe(III) in mineral structures. The compounds of Cr(III) are considered to be 

stable in soils because they are only slightly mobile in acidic media, and by pH 5.5 have 

precipitated. Aqueous concentrations of Cr(III) are generally below water quality 

standards. The Cr(III) species are relatively non-toxic and also serve as a human and 

animal micronutrient; therefore, trivalent chromium is considered to be a relatively minor 

public health and environmental concern (Pichtel, 2007).  

Under typical groundwater pH and redox potential (Eh) conditions, hexavalent 

chromium exists in solution as monomeric anions: bichromate (HCrO4
-
), chromate 

(CrO4
2-

)
 
or as the dimeric ion dichromate (Cr2O7

2-
) (U.S. EPA, 1998; Blowes et al., 1995; 

U.S. EPA, 1994a; Kabata-Pendias, 2001; McBride, 1994). 

As chromate anions, hexavalent chromium remains soluble in soils and 

sediments; thus, the risk of groundwater contamination is significant. The U.S. EPA has 

set the Maximum Contaminant Level (MCL) of total Cr for drinking water standards as 

0.1 mg/L (U.S. EPA, 2008). Hexavalent chromium is acutely toxic and teratogenic. It is 

highly soluble, mobile, and forms relatively soluble oxyanions, resulting in its persistence 

in contaminated aquifers. Furthermore, Cr(VI) readily passes through cell membranes 

and can damage DNA; hence, it is both mutagenic and carcinogenic. In general, Cr(VI) is 

labile in soils and is easily mobilized in both acidic and alkaline conditions (Marsh et al., 

2000; U.S. EPA, 1998; Palmer and Puls, 1994; U.S. EPA, 2000; Nivas et al., 1996; U.S. 

EPA, 2008). 
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 The environmental behavior of Cr depends upon a range of factors including soil 

pH, oxidation state, mineralogical properties and presence of organic matter. The 

adsorption of chromate by soils and subsurface materials is rather poorly understood. The 

CrO4
2-

 anion may be adsorbed to Fe and Al oxides and other positively-charged colloids. 

Chromate may also be adsorbed by ligand exchange, and HCrO
4-

 may behave similarly to 

H2PO4
-
. Reduction of Cr(VI) to Cr(III) with subsequent precipitation or adsorption of the 

trivalent species may occur in the presence of reductive solids such as Fe(II) and organic 

material. Soil pH also affects the rate of reduction of Cr(VI) to Cr(III). On the other hand, 

some Cr(III)
 
can be oxidized to chromate, CrO4

2-
, at high pH. This oxidation is promoted 

by the presence of Mn (McBride, 1994; Barlett and Kimble., 1976a, 1976b; James and 

Barlett, 1983a, 1983b, 1983c; Pacha and Galimska-Stypa, 1988).   

Effects of Cr on plants have been observed by several authors, and phytotoxicity 

of Cr is a frequent occurrence. The form most available to plants is Cr(VI). There is 

evidence that Cr(VI) anions can be transformed within plant cells to Cr(III), which react 

with DNA and proteins. The Cr(VI) compounds exhibit a mutagenic effect on Bacillus 

subtilis cells, while Cr(III) compounds result in only slight mutagenic activities.  

Organic exudates from the plant root (i.e., acids) may reduce Cr(VI) in the 

rhizosphere. The Cr(III) species are generally unavailable to plants, and, due to low 

solubility, Cr(III) compounds are not translocated through cell membranes. The minimal 

mobility of soil Cr (characteristically as trivalent) may be responsible for an inadequate 

Cr supply to many plants (Smith et al., 1995; Tobin et al., 1984).  

 Remediation of Cr-contaminated soil is closely associated with oxidation state. 

For soils enriched in Cr(VI) washing with hot water has been found to be an effective 
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removal treatment (Ososkov and Bosselli, 1994). In the case of Cr(III) contamination, 

however, removal processes become much more complex due the formation of insoluble 

complex ions and precipitates. Some researchers have experienced modest success with 

simple dissolution of Cr minerals using chelating agents (i.e., EDTA, NTA), and acids 

(HCl). Others have applied anionic surfactants to soils to remove Cr as colloidal micelles 

(Ososkov and Bosselli, 1994; Pichtel and Pichtel, 1997; Thirumalai et al., 1996). 

 

Chemical, Environmental, and Health Significance of Cadmium 

 

The majority of Cd present in soil is of anthropogenic origin. The most important 

sources of Cd in soils are atmospheric emissions (smelting of metallic sulfide ores, 

burning of fossil fuels, incineration of MSW, metal plating operations, phosphorous 

fertilizer manufacturing, road dust); direct placement on/application to soil (phosphorous 

fertilizers, phosphogypsum and other by-product gypsums, sewage sludge, composted 

MSW, residual ashes from combustion of coal, wood, etc.); and accidental/fugitive 

contamination (industrial contaminated land, mine waste from sulfide ores of Pb, Zn and 

Cu, Ni-Cd batteries, corrosion of galvanized metal structures). Cigarette smoking is a 

direct Cd source to humans; tobacco takes up soil Cd, some of which is entrained in 

smoke. Smokers reportedly possess about twice the Cd levels in their bodies as do 

nonsmokers (U.S. EPA, 1994b). Cadmium does not often occur in significant levels in 

water, although it can leach into groundwater from waste disposal sites
 
(U.S. EPA, 

1994b; McLaughlin and Singh, 1999). 

Cadmium concentrations in soils in excess of about 1 mg/kg are considered to be 

evidence of anthropogenic pollution. The range of Cd in natural soils is 0.06 to 1.1 
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mg/kg, and levels in contaminated sites have reached as high as 0.15% by weight. In non-

contaminated locations the highest Cd concentrations (0.001-11 mg/kg) are found in 

sedimentary rocks. The MCL for Cd in drinking water is 0.005 mg/l
 
(Kabata-Pendias, 

2001; McBride, 1994; Uminska, 1993; U.S. EPA, 2008b). 

 At contaminated sites Cd exists primarily as the Cd(II) ion (the predominant 

oxidation state in natural environments and virtually the only valence in aquatic systems), 

Cd-CN
-
 complexes, or Cd(OH)2, depending on pH and waste processing prior to 

disposal.   

During weathering Cd readily solubilizes (U.S. EPA, 1995; McBride, 1994). The 

most significant environmental factors that control Cd ion mobility are pH and oxidation-

reduction potential (U.S. EPA, 1995). Cadmium is most mobile in soils at pH < 5.0, 

whereas in neutral and alkaline soil Cd is rather immobile. At pH < 8, Cd exists as the 

Cd
2+

 ion. In addition, it may form complex ions such as CdCl
+
, CdHCO3

+
, CdCl4

2-
, 

Cd(OH)3
-
, Cd(OH)4

2-
 and organic chelates. Monovalent hydroxy ion species (i.e., 

CdOH
+
) may occur, which do not readily occupy cation exchange sites. In the alkaline 

pH range, Cd
2+

 precipitates as Cd(OH)2 and the less soluble CdCO3 (Kabata-Pendias, 

2001). The Cd
2+

 ion can also co-precipitate with CaCO3 (McBride, 1994). In strongly 

oxidizing environments Cd is likely to form minerals such as CdO and CdCO3 and may 

also accumulate in phosphate and other deposits (Kabata-Pendias, 2001). Under reducing 

conditions and in the presence of sulfides, CdS forms. Cadmium will also precipitate with 

arsenate, chromate, phosphate, selenate and selenite, with solubilities being a function of 

pH and geochemistry (U.S. EPA, 1995). 
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 Cadmium sorption often correlates with the cation exchange capacity (CEC) of 

clay minerals and with concentrations of carbonate minerals, oxides and organic matter in 

soils. Various anions such as chloride and sulfate create Cd complexes, maintaining it in 

solution. Conversely, the presence of other soil cations (Ca
2+

, Mg
2+

, Fe
2+

, etc.) reduce Cd 

sorption because of competitive adsorption (Smith et al., 1995).  

Cadmium is associated with Zn in its geochemistry. The Cd
2+

 cation is more 

mobile than Zn
2+

 in acidic oxidizing conditions. This mobility is attributed to weak 

adsorption of Cd to organic matter, silicate clays, and oxides unless the pH is greater than 

6. At high concentrations Cd complexes with humic substances or other organic 

molecules. Soil microbial activity is believed to influence the transformations of Cd in 

soils. Cadmium does not form volatile compounds (Pichtel, 2007). 

Because Cd is readily available to plants from both atmospheric and soil sources, 

its concentration rapidly increases in plants grown in polluted areas. Furthermore, the 

origin of soil Cd is an important factor controlling its solubility and phytoavailability. For 

example, oats absorb a much higher proportion of anthropogenic Cd (added as CdO) than 

that of lithogenic origin. A significant proportion of soil Cd accumulates in root tissues, 

although it is known to occur in substantial amounts in shoot tissues of many leafy 

vegetables (Smith et al., 1995; Grupe and Kuntze, 1987; Pichtel et al., 2000; Kabata-

Pendias, 1979). 

Cadmium is considered a toxic element to plants, with the main cause of toxicity 

being disruption of enzyme activities (Smith et al., 1995). Cadmium is known to be an 

antagonist to Zn in many biological systems and it is hypothesized that Cd substitutes for 

Zn or other essential metal co-factor in enzyme systems. When Cd binds to the active 
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sites, enzymes such as alkaline phosphatase are inactivated and metabolism is disrupted 

(McLaughlin and Singh, 1999). The greatest concern regarding plant uptake, however, is 

that it acts as a Cd reservoir and a pathway to humans and animals. Thus, tolerance of 

some plant species to higher Cd levels poses a public health risk (Smith et al., 1995). In 

human and animal nutrition Cd is a cumulative poison. Cadmium accumulates in food 

crops, grasses and in domestic livestock and wildlife (Smith et al., 1995; U.S. EPA, 

1994). The application of sewage sludge to soil may increase soil Cd levels which can 

result in elevated Cd levels in crops. The U.S. U.S. EPA has set guidelines for the 

application of sewage sludges and other materials to agricultural soils in efforts to limit 

Cd contamination to food and feed crops (U.S. EPA, 1994). 

Liming a soil beyond pH 7 will result in the formation of relatively immobile Cd 

species (i.e., hydroxides, oxides and carbonates). These reactions are relevant for the 

development of reclamation techniques for the management of Cd-enriched soils (Smith 

et al., 1995; Laxen, 1985). 

 

1. Ex-situ Treatments for Metal-Contaminated Soils 

1.1. Physical/Chemical Treatment after Excavation 

A number of remediation options are available for metal-contaminated soils, 

bedrock and sediments. Soil removal has been the preferred method for metal-

contaminated materials in some residential areas (U.S. EPA, 1992; Pierzynski, 1997). 

Other options, according to the Federal Remediation Technologies Roundtable (FRTR, 

2008), include ex-situ and in-situ treatments described below.  
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1.1.1. Chemical Extraction. In this method the contaminated soil and a suitable 

chemical extractant are mixed in an extractor, i.e., a specially-designed vessel, thereby 

dissolving or desorbing contaminants. The extracting solution is then transferred to a 

separator, where the contaminants and extractant are separated for treatment and further 

use. The limitations of this method include: (1) some soil types and moisture content 

levels will adversely impact process performance; (2) higher clay content or degree of 

complexity of the matrix may reduce extraction efficiency and require longer contact 

times (Huber et al., 2000); (3) organically-bound metals can be extracted along with 

target organic pollutants, which restrict handling of the residuals; (4) the presence of 

detergents and emulsifiers can unfavorably influence extraction performance; (5) traces 

of solvent may remain in the treated solids; (6) solvent extraction is generally least 

effective on very high molecular weight organic and very hydrophilic substances; (7) 

after acid extraction, any residual acid in the treated soil needs to be neutralized; (8) 

capital costs can be relatively high and the technology may be more economical at larger 

sites; and (9) meeting highly stringent heavy metals removal criteria may prove 

uneconomical (FRTR, 2008). 

1.1.2. Soil Washing/Separation. The term “soil washing” is most often used to describe 

a series of treatment operations that either separate soils into their various particle size 

fractions using water or simple chemicals, or chemically extract the contaminant from the 

soil matrix (Anderson et al., 1999). These processes are designed to detach contaminants 

from their medium (i.e., soil, sand, and/or other solids that contain them). The target 

contaminant groups for ex-situ separation processes are semi-volatile organic compounds 
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(SVOCs), fuels, pesticides, and inorganics. The technologies can also be used on selected 

volatile organic compounds (VOCs) (FRTR, 2008).  

The soil washing process begins in a trommel, where deagglomeration of the 

soil particles occurs. Afterwards, contaminated soil is washed using high-pressure sprays 

and a screw classifier where particles settle according to Stoke‟s Law. Stokes Law states 

that a particle in a fluid settles at a rate that is in function of the particle‟s diameter 

(Anderson et al., 1999). The wash water may be augmented with a basic leaching agent, 

surfactant, pH adjustment, or chelating agent to help enhance removal of organics and 

heavy metals. Fine particles are pumped to a hydrocyclone and flocculated using a 

polymer. The sludge in the bottom of the clarifier, where the flocculation takes place, is 

pumped to a holding talk prior to feeding to a filter press for final dewatering (Anderson 

et al., 1999).  

Another physical separation method is magnetic separation. This procedure is specifically 

used on heavy metals, radionuclides, and magnetic radioactive particles. Separation is 

also useful when heavy metal contaminants occur as particulates (FRTR, 2008). Removal 

of soil particle fractions facilitates volume reduction and decreased disposal costs 

(Anderson et al., 1999).   

Soil washing technology offers the ability for recovery of metals and can 

remove a wide range of organic and inorganic contaminants from coarse-grained soils. 

Another advantage of physical separation processes is that high throughputs can be 

achieved with relatively simple equipment. The limitations of this method include: (1) 

high clay and moisture content will increase treatment cost; (2) gravity separation 

processes rely on differences in the solids and liquid phase densities, which will affect 
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settling rate and process efficiency;  (3) special measures may be required to mitigate 

odor problems, resulting from organic sludge that undergoes septic conditions; (4) 

complex waste mixtures make formulating washing fluid difficult; (5) high humic content 

in soil may require pretreatment; (6) the aqueous stream will require treatment at 

demobilization; (7) additional treatment steps may be required to address hazardous 

levels of washing solvent remaining in the treated residuals; and (8) it may be difficult to 

remove organics adsorbed onto clay-size particles (FRTR, 2008). 

1.1.3. Excavation and Off-Site Disposal. In this situation contaminated material is 

trapped and transported to permitted off-site treatment and disposal facilities. 

Pretreatment of soil may be required prior to transport. The limitations of excavation 

include the costs to transport the contaminated material and the fact that the contaminants 

are not recovered or destroyed, but simply re-located (FRTR, 2008). 

2. In-situ Treatment 

2.1. Biological  Treatment 

2.1.1. Phytoremediation. This process uses plants which hyperaccumulate contaminants 

to selectively remove, transfer, stabilize, and/or destroy them within soil and sediment 

(Chaney et al., 1997). Contaminants may be either organic or inorganic. This technique 

may be applicable for the remediation of metals, pesticides, solvents, explosives, crude 

oil, polycyclic aromatic hydrocarbons (PAHs), and landfill leachates (FRTR, 2008). 

Advantages of this technique include: (1) potential for production of green belts; (2) low 

cost, since the costs of growing a crop are minimal compared to those of soil removal and 

replacement; and (3) versatility, since plants may be successful at sites that are not suited 

to heavy equipment or vehicles (Pichtel, 2007; Chaney et al., 1997). The limitations of 
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this method include: (1) the depth of the treatment zone in most cases is limited to 

shallow soils; (2) high concentrations of hazardous materials can be toxic to plants; (3) 

treatment may be seasonal, depending on location; and (4) contamination can be 

transferred across media, i.e., from soil to air (FRTR, 2008).  

2.2. Physical/Chemical Treatment 

2.2.1. Chemical Oxidation.  Oxidation chemically converts hazardous contaminants to 

non-hazardous or less toxic compounds that are more stable, less mobile, and/or inert 

(FRTR, 2008).  The method is attractive because it destroys contaminants in-situ, 

generating relatively innocuous products. Treatment does not require groundwater 

pumping and, therefore, does not generate any waste stream requiring disposal 

(Wickramanayake et al., 2000).             

The rate and extent of degradation of contaminants are dictated by the properties 

of the chemical itself and its susceptibility to oxidative degradation. Degradation rate is a 

function of matrix conditions, pH, temperature, concentration of oxidant, and 

concentration of other oxidant-consuming substances (i.e., organic matter) and reduced 

minerals (i.e., carbonate and other free radical scavengers) (FRTR, 2008). The limitations 

of chemical oxidation include: (1) requirement for handling large quantities of hazardous 

oxidizing chemicals due to the oxidant demand of the target organic chemicals and any 

non-productive oxidant consumption; (2) providing adequate subsurface transport of the 

oxidant (otherwise, all target contaminated areas might not be treated); and (3) some 

contaminants are resistant to oxidation and/or may generate more toxic and resistant 

products (FRTR, 2008; Wickramanayake et al., 2000).  
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2.2.2. Electrokinetic Separation.  This process removes metals and organic 

contaminants from low permeability soil, sediments, sludge, and marine dredging 

material using electrochemical and electrokinetic processes to desorb, and then remove, 

metals and polar organics. Targeted contaminants for electrokinetics include heavy 

metals, anions, and polar organics. The limitations of this method include: (1) 

effectiveness is sharply reduced for wastes with a moisture content of less than 10 

percent; (2) the presence of buried metallic or insulating material can induce variability in 

the electrical conductivity of the soil; (3) inert electrodes such as carbon must be used so 

that no residue will be introduced into the treated soil mass, which might cause  

unexpected reactions (4) the surface charge of the clay is altered by both changes in the 

pH of the pore fluid and the adsorption of contaminants; and (5) oxidation/reduction 

reactions can form undesirable products (i.e., chlorine gas) (FRTR 2008).  

2.2.3. Fracturing.  Using pneumatic and other techniques, cracks are generated in low 

permeability and over-consolidated sediments to open new passageways that increase the 

effectiveness of many in-situ processes and enhance extraction efficiencies. Fracturing is 

applicable to the complete range of contaminant groups with no particular target group. 

The technology is used primarily to fracture silts, clays, shale, and bedrock. The 

limitations of this method include: (1) the technology should not be used in areas of high 

seismic activity; (2) fractures will close in non-clayey soils; (3) investigation of possible 

underground utilities, structures, or trapped free product is required; and (4) the potential 

exists to open new pathways for the unwanted spread of contaminants (FRTR, 2008).  

2.2.4. Soil Flushing.  Water, or water containing an additive to enhance contaminant 

solubility, is applied to soil or injected into groundwater to raise the water table into the 
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contaminated soil zone. Contaminants are subsequently leached into the groundwater, 

which is then extracted and treated. The target contaminant group for soil flushing is 

primarily inorganics; however, the technology can be used to treat VOCs, SVOCs, fuels, 

and pesticides. Soil flushing technology offers the potential for recovery of metals and 

can mobilize a wide range of organic and inorganic contaminants from coarse-grained 

soils. The limitations of this method include: (1) low permeability or heterogeneous soils 

are difficult to treat; (2) surfactants can adhere to soil and reduce effective soil porosity; 

(3) reactions of flushing fluids with soil can reduce contaminant mobility; (4) the 

potential of washing the contaminant beyond the capture zone and the introduction of 

surfactants to the subsurface concern regulators; (5) the technology should be used only 

where flushed contaminants and soil flushing fluid can be contained and recaptured; (6) 

above-ground separation and treatment costs for recovered fluids can drive the economics 

of the process (FRTR, 2008).  

2.2.5. Solidification/Stabilization (S/S). These technologies are employed in situations 

where a large quantity of toxic and/or relatively immobile contaminants are scattered 

extensively and/or soil hydraulic conductivity (Ks) is not suitable for flushing (Pichtel, 

2007).  

Using this method contaminants are physically bound within a stabilized mass 

(solidification), and/or chemical reactions are induced between the stabilizing agent and 

contaminants to reduce their mobility (stabilization). The target contaminant groups for 

in-situ S/S include both inorganics and organics. The S/S technology can be as simple as 

mixing Portland cement with contaminated soil, allowing the mass to set and cure, and 

then cover. More sophisticated applications, however, are also possible.  
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The in-situ vitrification (ISV) process can destroy or remove organics and 

immobilize most inorganics in contaminated soils, sludge, or other earthen materials by 

high-temperature heating (fusion) of soil particles. During the heating process carbon-

based contaminants are combusted. A stable glass-like product locks inorganics within 

the melt. The process has been tested on a broad range of VOCs and SVOCs, other 

organics including chlorinated dibenzodioxins and PCBs, and on most priority pollutant 

metals and radionuclides. The ISV method is extremely effective for treating some very 

high-hazard situations. The limitations of this method include: (1) depth of contaminants 

may limit some types of application processes; (2) future usage of the site may weather 

the materials and affect the ability to maintain immobilization of contaminants; (3) some 

processes (particularly cement-based S/S) result in a significant increase in volume; (4) 

certain wastes are incompatible with variations of this process; (5) reagent delivery and 

effective mixing are more difficult in-situ than for ex-situ applications; (6) like all in-situ 

treatments, confirmatory sampling can be more difficult than for ex-situ treatments; (7) 

the solidified material may hinder future site use; and (8) processing of contamination 

below the water table may require dewatering (FRTR, 2008). 

2.2.6. Permeable reactive barriers (PRBs). This method provides in-situ treatment of 

contaminated groundwater. PRBs are designed as preferential conduits for contaminated 

groundwater flow.  

A permeable reactive barrier is constructed below-ground as a vertical 

underground wall and filled with reactive media. The barrier is constructed by excavating 

a long, narrow trench in the path of polluted groundwater (Fig. 1). Reactive materials are 

either poured directly into the trench or emplaced in permeable bags. Various reactive 
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materials have been investigated for PRBs including zeolites, hydroxyapatites, iron, 

limestone and organic matter. Natural hydraulic gradients transport contaminants through 

the strategically-placed reactive media. The materials in the barrier trap harmful 

chemicals or transform the chemicals into harmless ones (Boštjan and Leštan., 2003). 

These barriers can be installed as permanent, semipermanent, or replaceable units across 

the flow path of a contaminant plume and act as a treatment wall.  Permeable vertical 

chambers that contain a reactive substance (physical, chemical, biological or a 

combination) are being evaluated for reducing the mobilization of metals in groundwater 

at contaminated sites. 
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Figure 1. Permeable reactive barrier applied in the field  

 

 

Permeable reactive subsurface barriers constructed using zero-valent iron (Fe
o
) or Fe

2+
 

have been used successfully for the elimination of a variety of contaminants including 

chlorinated solvents, heavy metals, and radionuclides (Nyman et al., 2002). PRBs allow 

the passage of groundwater through the reactive zone of the barrier, but either immobilize 

or chemically transform the contaminants to a more desirable (i.e., less toxic, more 

readily biodegradable) state (U.S. EPA, 2000).  

Zero-valent iron (ZVI) is a common reactive media which generates low 

oxidation potential in groundwater, resulting in the precipitation and removal of both 

inorganic (metallic) and organic contaminants (Pichtel, 2007).  

Broad knowledge exists regarding the role of phosphate minerals (primarily 

apatites) in regulating the behavior and bioavailability of metals in soils and wastewater. 

Several studies have described the application of hydroxyapatite (HA) amendments, 

resulting in the in-situ immobilization of metals as highly stable pyromorphites (Manecki 

et al., 2000). 

Humic materials, particularly peat and activated carbon, have been used as 

effective sorbents in wastewater treatment for years. Humic materials are complex 

organic molecules that contain a wide variety of functional groups including phenolic and 

carboxylic groups, which provide exchange sites for the sorption of cations such as heavy 

metals (Cd
2+

) and anions (i.e., CrO4
2-

). In addition, the high carbon content of these 

materials may make humic materials a suitable sorbent for nonpolar organic compounds 

(Scherer et al., 2000).  
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The sorption efficiency of several humic materials, including sawdust, lignite, 

peat moss, Cercona Bone-Char, and subbituminous coal have been studied for the 

removal of uranium (U) and molybdenum (Mo) from wastewater treatment (Scherer et 

al., 2000). Coal trapped approx. 50% of the initial Mo and U. Sawdust trapped about 90% 

of the U, but only small amounts of Mo. Lignite had a U removal efficiency of 98%, but 

it was relatively ineffective for removing Mo. Of the five organic materials evaluated, 

peat moss was the most effective ion-exchange material for removal of heavy metals and 

some anions. The removal efficiency for cations can come close to 100% at low pH, but 

both the strong pH dependency and the initial metal ion concentration must be considered 

(Scherer et al., 2000).  

The advantages of the PRB technique are that as an in-situ technology, an 

extensive range of contaminants can be treated, and flow control can be applied 

(Mulligan et al., 2001). 

 

Mechanisms for removal of Cr and Cd from soils and groundwater 

A range of biological and chemical mechanisms have been suggested for the 

removal of inorganic contaminants from groundwater in PRBs including abiotic 

reduction, biotic reduction, chemical precipitation, and sorption (Morrison et al., 2002). 

1.  Abiotic reduction of inorganic anions 

Moist soils and sediments in partial equilibrium with atmospheric oxygen possess 

the necessary conditions for oxidation and reduction to occur concurrently. Chromium 

species may be reduced to Cr(III) by MnO2 in the presence of reduced manganese oxide 

(MnO) and organic acids from soil organic matter. Additionally, the reduction of Cr(VI) 
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to Cr(III) in soils will most likely occur as a result of reduction by soil organic matter or 

natural organic compounds (including humic acid, fulvic acid, and humin), soluble 

ferrous iron Fe(II), and reduced sulfur or sulfide compounds (U.S. EPA, 2000; Nyman et 

al., 2002). 

Chromium is a strong oxidant and is reduced in the presence of electron donors. 

Electron donors commonly found in soils include aqueous Fe(II), ferrous iron minerals, 

reduced sulfur, and soil organic matter (U.S. EPA, 1994a). Chromium(VI) as chromate 

has been shown to be reduced by ZVI. The ZVI donates the electrons necessary to reduce 

the chromate and thus becomes oxidized to Fe(II) or Fe(III). The ZVI and Fe(II) released 

from anaerobic ZVI corrosion act as reductants to first chemically reduce Cr(VI) to 

Cr(III) followed by precipitation as chromium or chromium-iron oxides/ hydroxides/ 

oxyhydroxides on the ZVI surface (Lai and Lo, 2008). Therefore, both the toxicity and 

mobility of Cr are greatly decreased when it is reduced from Cr(VI) to Cr(III). Although 

ZVI
 
has proven effective for the reductive precipitation of Cr, its reduction kinetics are 

prone to be affected by initial Cr concentration, groundwater pH, background electrolyte 

concentration, iron type and surface area, and co-presence of other dissolved 

contaminants. It has been reported that Cr reduction kinetics were inversely proportional 

to initial concentration (between 10 and 80 mg/l) and to groundwater pH (between 3 and 

10), but directly proportional to iron surface area (U.S. EPA, 2000; Lai and Lo, 2008). 

It has been suggested that ZVI can reduce Cr(VI) (chromate) to Cr(III) from 

electroplating wastewater due to the following mechanisms: (1) Extremely low pH (1-2); 

(2) the ferric ion, produced from the reaction of Cr(VI) and ZVI, can act as a coagulant to 
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assist the precipitation of Cr(OH)3(s) to save coagulant cost; and (3) higher fluidized 

process due to abrasive motion of the ZVI (Chen et al., 2007). 

The overall reactions for Cr reduction by ZVI or Fe
o
 and the subsequent 

precipitation of Cr(III) and Fe(III) oxyhydroxides are shown in equations 1-2 (U.S. EPA, 

1998; Lo et al., 2006): 

 

CrO4
2-

 + Fe
o
 +8H

+ 
       Fe

3+ 
+ Cr

3+ 
+ 4H2O    (1) 

(1-x)Fe
3+

 + (x)Cr
3+

 +2H2O       Fe(1-x) Cr(x)OOH(s) + 3H
+
  (2) 

 

Lo et al. (2006) found that after passing Cr(VI) solutions through ZVI samples 

collected at the end of the experiments contained no Cr(VI) suggesting chemical 

reduction after which all Cr(III) ions were precipitated within the treatment zone. The 

authors reported that all detectable chromium on the ZVI occurred as Cr(III) only. The 

formation of precipitated Cr forms is desirable for Cr(VI) remediation because the 

precipitated Cr is insoluble and the toxicity of Cr is greatly reduced. Nevertheless, these 

co-precipitated forms may act as an electrical insulator and inhibit electron transfer onto 

the iron surface and terminate further redox reactions. This significant occurrence 

suggests that ZVI in PRBs can be exhausted after reacting with a certain quantity of 

contaminant, which should be carefully considered in PRB design (Lo et al., 2006). 

The extent and rate of Cr(VI) removal by zero-valent iron has been evaluated in 

laboratory batch tests and stirred batch reactors, column tests, pilot-scale field trials and  

full-scale field demonstrations (U.S. EPA, 1998). Results indicate that Cr(VI) reduction 

and precipitation is sufficient for use in groundwater remediation systems. The removal 
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of Cr(VI) from solution is accompanied by a sharp decrease in the Eh (from initially 

oxidized conditions of Eh > 100 mV, to very reduced conditions of Eh < -300 mV), and a 

sharp increase in pH from initially near-neutral conditions of < 6.5 to > 8.5, to more basic 

conditions (pH > 9.5) (U.S. EPA, 1998). Lo et al. (2006), conducting a column study that 

was injected with groundwater at a velocity of 400 m/year, found that the Cr(VI) removal 

capacity of ZVI
 
was approximately 4 mg Cr/g ZVI

 
for synthetic contaminated solutions. 

The initial groundwater Cr(VI) concentration was 25 mg/l (Lo et al., 2006). Wilkin et al. 

(2005) estimated that a zero-valent iron PRB (46 m long, 7.3 m deep, 0.6 m wide) 

removes approx. 4.1 kg Cr per year under a flow velocity of 0.16 m/day or 58.4 m/year 

(Wilkin et al., 2005).  

Bartzas et al. (2006), using column studies, found that soluble Cd was trapped 

from solution by zero-valent iron. The authors found that copper (Cu) and Cd (initial 

concentrations between 5 and 25 mg/l) were trapped below detection limits (0.05 mg/l 

and 0.02 mg/l, respectively) in the effluent port of a low concentration slow-flow rate 

(13.7 ml/h with about 550 m/year residence time) column system. Copper is subject to 

reduction through the oxidation of Fe
o 
as follows: 

 

Fe
o
 + Cu

2+
        Cu

o
 + Fe

2+
      (3) 

 

The primary mechanism for rapid removal of Cu
2+

 involves cementation or 

reductive precipitation as metal hydroxides. Cadmium exhibited similar behavior to Cu 

suggesting that for both metals the same attenuation mechanism occurs. Furthermore, this 

study concluded that zero-valent iron barriers, besides decontaminating acidic leachates 

generated at active or abandoned mining and waste disposal sites, can be maintained over 
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long periods, especially when leachate flow is relatively low. The authors concluded that 

factors to consider for assessing long-term performance of PRB technology include 

corrosion of the iron metal, precipitation of secondary phases on reactive sites and 

subsequent reduction of the active surface area, development of preferential flow 

channels, and clogging (Bartzas et al., 2006).  

 

 

2.  Biotic reductive treatment of metals 

Reductive precipitation of heavy metals is feasible via biotic processes within 

PRBs. A key objective is to convert soluble metals to insoluble metal sulfides. 

Biologically-mediated sulfate reduction has been used for decades to remove metal 

cations generated from acid mine drainage in natural and constructed wetlands. This 

mechanism has also been applied to treatment in PRBs (Blowes et al., et al., 1995; 1997; 

Benner et al., 1997). 

Biotic reduction is carried out by supplying an electron donor and nutrients for 

use by native microorganisms in the PRB. Selected carbonaceous electron donors include 

leaf mulch, sawdust, wheat straw and other organic wastes. The maintenance of anoxic 

conditions is essential for sulfate reduction to proceed (Gallardo et al., 1995). This 

condition is easily met because the organic substrates create a relatively high biochemical 

oxygen demand that rapidly depletes dissolved oxygen. A well balanced ratio of carbon, 

nitrogen, and phosphorous is also important for optimizing microbial activity (Scherer et 

al., 2000). Addition of carbon (i.e., dextrose) will increase microbial biomass as well 

(Gallardo et al., 1995). 
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Dissolved sulfate serves as a common electron acceptor in anoxic conditions. The 

reduction is explained via eqns. 3-4 (Benner et al., 1997): 

 

2CH2Ox + SO4
2-

 +2H
+ 

            2CO2
 
+ 2H2O

 
+ H2S

- 
     (3) 

Me
2+

 + H2S
-
          MeS(s) + H

+
        (4) 

Where CH2O represents organic carbon and Me
2+ 

represents a divalent soluble metal 

cation.  

Microbes can also indirectly promote Cr(VI) reduction by generating reduced 

end-products such as Fe
2+ 

and sulfide, which can abiotically reduce Cr(VI) (Lovely and 

Coates, 1997).  

The existence of the Cr(OH)3 species as the primary precipitate product in the 

reduction of Cr(VI) to Cr(III) is essential to the viability of in-situ treatment using 

reactive zone technology, such as microbial reduction (U.S. EPA, 2000). The Cr(OH)3 is 

significantly less toxic to biota and highly susceptible to immobilization. 

Reduction of soil Cr(VI) was studied by Smith et al. (2002), where carbon and 

energy sources were evaluated to support a bacterial consortium enriched from 

dichromate-contaminated aquifer sediments. The consortium was cultured under 

denitrifying conditions in a minimal, synthetic groundwater medium amended with 

various carbon and energy sources. Their effects on Cr(VI) reduction and microbial 

growth were measured. The consortium was found to readily reduce Cr(VI) with sucrose, 

acetate, L-asparagine, hydrogen plus carbon dioxide, ethanol, glycerol, glycolate, 

propylene glycol, or D-xylose as a carbon and energy source. The consortium grew on all 

of the above carbon and energy sources, with highest cell densities reached using D-
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xylose and sucrose, demonstrating that the consortium is metabolically diverse and can 

reduce Cr(VI) using a variety of different carbon and energy sources (Smith et al., 2002). 

Cadmium concentrations can also be attenuated by sulfate-reducing bacteria. 

Ludwig et al. (2002) indicated that municipal compost rich in leaf matter is a good 

substrate for sulfate-reducing bacteria. Cadmium was significantly attenuated (from 8-

21μg/L to below detection limits, i.e., < 0.1 μg/L) by a PRB with a volume of approx.25 

m
3
 leaf compost at a hydraulic conductivity of 10

-2
 cm/sec and an average pH of 6.86 

(Ludwig et al., 2002). 

Acidic mine water in a former uranium mine in Königstein (Saxony, Germany) 

contained high concentrations of sulfate, uranium (U), radium (Ra), (Fe), aluminum (Al) 

and various heavy metals like zinc (Zn), cobalt (Co) and nickel (Ni). Research was 

conducted over several years to establish the extent to which contaminant reduction could 

be accelerated by storage of reactive media in open mine cavities (Klinger et al., 1998). 

Underground column tests were conducted using iron, coal, organic residues, barite-

bearing material, brown coal precipitator ash and limestone as reactive media. All the 

media were able to effectively immobilize pollutants enriched in the Königstein mine 

water. Reactions induced by zero-valent iron resulted in pH increase and development of 

reducing conditions, which supported the precipitation and enhanced sorption of heavy 

metals. The combination of iron and brown coal precipitation ash immobilized practically 

all contaminants, including 54% of Cr and 99% of Cd. Even the relatively mobile 

elements U, Co, Zn and Ni were immobilized substantially better with the iron mixture 

than with the other materials examined (Klinger et al., 1998).  
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3.  Chemical precipitation of metals 

Precipitation of a mineral or oxide occurs when its solubility limit is exceeded in 

solution. The precipitate phase has a three-dimensional structure that is not influenced by 

the surface of the solid medium. Therefore, PRBs that are based on a precipitation 

mechanism typically involving amendments that manipulate the solubility limit (Scherer 

et al., 2000).  

The most common methods of manipulating solubility limits are to raise solution 

pH by addition of a base such as hydrated lime (Ca(OH)2), or to add excess ions to form 

an insoluble mineral (Scherer et al., 2000). Metal contaminants precipitate as hydroxides 

or carbonates if pH has increased sufficiently (Morrison et al., 2002; U.S. EPA, 1998; 

Golab et al., 2006; Skinner and Schutte, 2006; Amos and Younger, 2003). 

Artiole and Fuller (1979) proposed the use of barriers containing crushed 

agricultural limestone to neutralize the pH of landfill leachate and precipitate soluble Cr. 

Laboratory tests indicated successful removal of Cr(III), and less successful treatment of 

an anionic form of Cr(VI), i.e., CrO4
2-

 (U.S. EPA, 2008).  The addition of lime (CaO), 

hydrated lime (Ca(OH)2), or limestone (CaCO3) is a common method for raising the pH 

of a number of engineered and natural systems for treatment of metal-enriched water.  

The reaction that occurs during chemical precipitation when limestone is 

dissolved in acidic water, increasing alkalinity and raising solution pH, is presented in 

eqn. 5.  

 

CaCO3 + H
+
 +2H

+ 
           HCO3

- 
+ Ca

2+ 
 (5) 
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Limestone has been used as a passive treatment technology for acid mine drainage 

(AMD). The use of a treatment wall containing limestone, termed anoxic limestone 

drains (ALDs), has the potential for increasing the pH and alkalinity of mine water before 

it enters a wetland system for precipitation. Potential problems of ALDs are the low 

solubility of limestone and coating of the limestone with ferric hydroxides if strict anoxic 

conditions are not maintained. The ALD concept has been extended to address removal 

of metals and nutrients in PRBs. The addition of small amounts of hydrated lime 

effectively trapped uranium from aqueous solution, presumably due to the precipitation 

of calcium uranate. A mixture of crushed limestone and sand reduced the concentration 

of phosphate, likely due to the formation of a calcium phosphate precipitate (Scherer et 

al., 2000). 

 Acid mine water from a South African gold mine was characterized and treated 

by the precipitation of heavy metals with lime and sulfides, followed by ion exchange. 

The oxidation and precipitation of heavy metals was suitable for the removal of heavy 

metal ions from the effluent of the mine (Feng et al., 2000). 

Another mechanism of enhancing metal precipitation is through the addition of an 

excess ion. For example, high concentrations of phosphate in the presence of Pb
2+

 cause 

precipitation of insoluble lead phosphates. Phosphate minerals such as apatites 

(Ca10(PO4)6(OH)2) can be used for in-situ treatment technologies such as PRBs for 

precipitation of low-solubility metal phosphates (Scherer et al., 2000). 

Bone meal has been shown to be a phosphorous (P) source of suitable solubility 

that dissolves over a reasonable time scale resulting in the retention of metals in soils. 

The bone meal does not dissolve sufficiently rapidly to release large concentrations of P 
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into soil drainage water. Bone meal additions generally result in increased soil and 

leachate pH and metal immobilization in the soils.  However, Hodson et al. (2001) found 

that no metal phosphates were identified as having formed in the soil because of their low 

initial concentrations (from 35.5 to 233 μg of Ni, Zn, Cu and Pb per g of air-dried soil) 

(Hodson et al., 2001). 

The major mechanism for Pb
2+

 removal appears to be the formation of 

hydroxypyromorphite [Pb10(PO4)6(OH)2]. Other removal mechanisms, however, such as 

ion exchange and surface adsorption may be important in the phosphate-based removal of 

Cd and Zn. Aqueous Al, Cd, Cu, ferrous iron, nickel and tin can hinder the removal of 

metals by precipitation of phosphate minerals. The presence of anions such as nitrate, 

chloride, and sulfate do not significantly affect metal removal; however, high carbonate 

concentrations result in lower metal removal efficiency due to lower hydroxyapatite 

solubility at increased pH values (Scherer et al., 2000). 

The significant Pb removal by hydroxyapatite, the rapid reaction rate, and the 

stable products (Scherer et al., 2000) indicate the high potential for metal removal by 

hydroxyapatites from groundwater. While the efficiency of hydroxyapatite for Pb 

removal is greater than the efficiency of naturally-occurring phosphate rock, the 

advantage of the latter material includes lower cost. The effect of precipitation of the 

pyromorphite material on the hydraulic conductivity of the surrounding soil may be 

important with respect to the application of apatite and phosphate rock in reactive 

subsurface barriers (Scherer et al., 2000). Chen et al. (1997b) found that Cd removal at a 

contaminated mine soil in North Carolina resulted from the dissolution of apatite 

followed by the precipitation of hydroxyl fluoropyromorphite. Minor octavite (Cd 
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carbonate) precipitation was observed in the interaction of the apatite with aqueous Cd as 

well (Chen et al., 1997b). 

Organically-derived Ca-phosphates such as fish bone, as a substitute for 

hydroxyapatite (Ca5(PO4)3)OH), have high affinities for adsorption to mineral surfaces; 

therefore, calcium phosphates may be capable of remediating soils or wastewater 

contaminated by heavy metals. The mechanism of metal ion removal is explained in 

eqns. 6-7 (Admassu and  Breese, 1999):  

Ca5(PO4)3OH + H2O            5Ca
2+

 (aq) + 3PO4
3-

 (aq) + 2OH
-
 (aq)      (6) 

5M
2+

 (aq) + 3PO4
3-

 (aq) + 2OH
-
 (aq)            M5(PO4)3OH + H2O      (7) 

Where M
2+  

is a divalent metal. 

 

Marchat et al. (2007) demonstrated that hydroxyapatites have a high removal 

capacity for Cd
2+ 

and other toxic metal ions (Pb
2+

, Zn
2+

, Cu
2+

) in aqueous solution. The 

reaction between Cd and Ca (from hydroxyapatites) is described by eqn. 8 (Marchat et 

al., 2007): 

 

HA-Ca
2+

 + Cd
2+

   HA-Cd
2+

 + Ca
2+                                     

(8)         

Where HA= hydroxyapatite 

 

The speciation calculation of triacid H3PO4 reveals that H2PO4
-
 dominates the 

aqueous phosphate concentration in the lower pH range of this study (Marchat et al., 

2007). Thus, dissolution and precipitation can be depicted by eqns. 9 and 10: 
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Ca10(PO4)6(OH)2 + 14H
+
          10Ca

2+
 + 6H2PO4

- 
+ 2H2O                    (9) 

xCd
2+

 + 10Ca
2+

 +6H2PO4
- 
 + 2H2O   Ca10-xCdx(PO4)6(OH)2 + xCa

2+
 + 14H

+
    (10)      

 

The Cd uptake mechanism by the HA is divided into two processes: 

1. The Cd
2+

 is adsorbed at the HA surface on specific sites 

2. Cd
2+

 diffuses into the apatite structure, or a dissolution-precipitation process 

occurs from the Cd adsorbed. 

Marchat et al. (2007) confirmed that hydroxyapatites are efficient for 

immobilization of Cd in aqueous solution. The Cd
2+

 cations substitute for the most 

readily accessible Ca at the HA surface. Later, these Cd anions are incorporated into a 

solid solution, i.e., Ca10-xCdx(PO4)6(OH)2 with 4.00 ≥ x ≥ 2.65. This solid solution is 

formed either by a surface heterogenous precipitation process or by intracrystalline 

diffusion to a very low depth within the mineral (Marchat et al., 2007).    

 A study by Pierzysnki (1997) with contaminated sites in Kansas, Missouri and 

Oklahoma suggest that apatite had little influence on the fractionation of Cd, Pb or Zn 

after using KH2PO4 (Pierzynski et al., 1997); in other words, overall metal solubility was 

unchanged with apatite additions. Oviasogie and Bozzelli (2008) propose that apatite 

treatment does not enhance reduction or binding of Cd, thus increasing its availability and 

mobility with apatites (Ovieasogie and Bozzelli., 2008).  

Wilkin et al. (2002) used solid-phase characterization studies implementing XRD, 

SEM, and other mineralogical techniques to determine the fate of metals trapped by 

PRBs. In microscopic observations of a zero-valent iron PRB it was found that mineral 

accumulation occurs mainly on the surfaces of iron particles where steep gradients in pH 
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and redox potential result in mineral precipitation (the pH in this experiment was > 9.5). 

It was also found that where mineral accumulation is greatest, distinctive particle 

morphologies include aggregates of platy particles, characteristic of green rusts; 

homogenous crusts without euhedral morphologies, characteristic of iron oxyhydroxides; 

and thin coatings or aggregates of very fine-grained particles, characteristic of iron 

monosulfides (Wilkin et al., 2002).  

Immobilization by precipitation has the advantage that precipitation reactions tend 

to be less dependent on groundwater conditions than are adsorption reactions. For 

example, precipitation agents such as limestone and apatite minerals often provide some 

pH control. A disadvantage of precipitation reactions is that groundwater additions are 

often required that may degrade groundwater composition (i.e., adding limestone will 

significantly increase the hardness of the groundwater). The most significant challenge of 

immobilization by precipitation is assessing the stability of the contaminant and the risk 

of future remobilization by dissolution (Scherer et al., 2000). 

4.  Adsorptive treatment of metals 

Inorganic anions which are not susceptible to reductive or precipitation processes 

can be trapped from solution by other means. These anions, as well as redox-sensitive 

species, may be trapped by adsorption on to mineral surfaces. Most adsorption reactions 

are reversible and occur at relatively rapid rates (Morrison et al., 2002). Several 

adsorbents are useful in PRBs to remove inorganic contaminants from groundwater. Lee 

et al. (2004), using waste greensands from the iron foundry industry, measured high 

removal capacities for zinc (Lee et al., 2004). The mechanism is attributed to the 

combined action of clay, organic carbon, and iron particles (Pichtel, 2007). 
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Adsorption reactions generally consist of cation exchange mechanisms for Cr(III) 

species and anion exchange mechanisms for Cr(VI) species. Adsorption generally 

involves cation exchange of Cr(III) as Cr
+3

 or hydroxyl ionic species onto hydrated iron 

and manganese oxides located on the surface of clay particles or humic molecules. The 

soil organic matter component of soil provides the greatest cation exchange capacity 

(CEC), followed by clay minerals such as vermiculite, saponite and montmorillinite (U.S. 

EPA, 2000).  

Sneddon et al. (2006) suggests that the mechanisms responsible for 

hydroxyapatite-induced immobilization of metals such as Cd are highly dependent on 

factors such as solution pH and the presence of competitive species. After field trials and 

columns studies with bone meal amendments to remediate Cd, Pb and Zn. Sneddon et al. 

(2008) suggested that Cd immobilization may be limited by the apatite surface available 

and the volume ratio of irrigant to soil. One study using a low flow rate (10 ml/day) 

resulted in substantial immobilization of Cd, Pb and Zn, while a second study using a 

significantly higher flow rate (25 ml per day) suggested limited immobilization of the 

same metals (Sneddon et al., 2008). Studies show increasing evidence that, at least in the 

case of low Cd concentrations, immobilization is via surface-limited mechanisms such as 

adsorption and ion exchange. Also, Chen et al. (1997) suggest that removal of Cd from 

aqueous solution in the presence of apatite is due to sorption mechanisms (surface 

complexation and ion exchange) rather than precipitation of metal phosphates (Sneddon 

et al., 2006).  
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Section II. Technical Report 

 

Introduction 

 

Currently, a total of 39 long-term cleanup sites within Indiana are listed in the 

National Priorities List (NPL); ten are enriched with heavy metals and four are highly 

contaminated with Chromium (Cr) (U.S. EPA, 2007). Additionally, other non-NPL sites 

are known to be enriched in Cr. Cadmium (Cd) also has been documented in numerous 

contaminated disposal areas within the state. 

Conventional treatment approaches for metals-contaminated sites such as 

groundwater pumping and treating, and ex-situ treatment (i.e., removal of soil) have been 

used to remediate contaminated sites; however, these methods have proven to be 

expensive and in many cases ineffective at achieving the proposed level of cleanup 

(Blowes et al., 1997). The Superfund Amendments and Reauthorization Act (SARA) 

require the use of remedial technologies that permanently and significantly reduce the 

volume, toxicity or mobility of contaminated materials at affected sites. In-situ 

techniques have been applied with increasing frequency (U.S. EPA, 2000) at such sites 

and include soil flushing, electrokinetic and phytoremediation and permeable reactive 

barriers (PRBs). PRB technology is considered among the most promising new 

technologies for the remediation of contaminated soil (U.S. EPA, 2000). 

In PRB technology groundwater is directed through the reactive zone of the 

barrier, where the contaminants are either immobilized or chemically transformed to a 

more desirable (e.g. less toxic, more readily biodegradable) states (U.S. EPA, 2000). 

 



42 

 

Zero-valent iron (ZVI) is a commonly used reactive medium that creates low oxidation 

potential in groundwater, resulting the in precipitation and removal of contaminants 

(Pichtel, 2007). Reduction and subsequent precipitation or adsorption of Cr and Cd 

species may occur in the presence of reductive solids, Fe(II) and organic material. Soil 

pH also affects rate of reduction of Cr to less-reactive forms (McBride, 1994; Barlett et 

al., 1976a, 1976b; Jamesand Bartlett, 1983a, 1983b).  

Hexavalent Cr, as CrO4
2-

 anion may be adsorbed to Fe and Al oxides and other 

positively-charged colloids in PRBs. Chromate may also be adsorbed by ligand 

exchange, and HCrO
4-

 may behave similarly to H2PO4
-
. Reduction of Cr(VI) to Cr(III) 

with subsequent precipitation or adsorption of the trivalent species may occur in the 

presence of reductive solids such as Fe(II) and organic material (McBride, 1994; Barlett 

and Kimble., 1976a, 1976b; James and Barlett, 1983a, 1983b, 1983c). In PRB 

environments Cd is likely to form minerals such as CdO and CdCO3 and may also 

accumulate in phosphate and other deposits (Kabata-Pendias, 2001). Cadmium sorption 

often correlates with the cation exchange capacity (CEC) of clay minerals and with types 

and amounts of carbonate minerals, oxides and organic matter in soils (Smith et al., 

1995).  

The focus of the reported study was to investigate the use of several reactive 

materials for remediation of Cr and Cd in solution and in a contaminated industrial soil, 

via chemical reduction, precipitation, and/or sorption mechanisms solutions.  
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Experimental Methods 

 

I. Column Studies, Synthetic Solutions 

The experimental setup was adapted from the method used by Lo et al. (2006) (Fig. 1). 

Sixteen PVC columns per metal treatment (Cr and Cd) (30 cm length, 5 cm i.d) were 

filled with different reactive media (three/four replicates per media). The media used 

included zero-valent iron (ZVI), hydroxyapatite (HA) (i.e., crushed bone meal), organic 

matter (OM), and organic matter mixed with potassium sulfate and dextrose (OMx). The 

zero-valent iron was provided from an iron foundry in Delaware County, Indiana; the 

hydroxyapatite was obtained commercially (Voluntary Purchasing Groups, Inc., Bonham, 

Texas); the organic matter consisted of composted sewage sludge obtained from the 

Southwesterly Compost Facility, Columbus, Ohio. This last treatment was found to 

contain 11 x 10
6
 CFU/g total bacteria; 1.01 x 10

6
 CFU/g total actinomycetes and 2.4 x 

10
6
 CFU/g total fungi. Microbial numbers were estimated by the spread plate technique. 

Standard plate count agar (Difco, Detroit, MI) was used for total bacterial counts, chitin 

media (Lingappa and Lockwood, 1962) for actinomycetes, and Sabouraud dextrose agar 

(Difco) for total fungi. Plates were incubated in the dark at 25
o
C for 10 d for bacteria and 

actinomycetes (Clark, 1965a, b) and 6 d for fungi (Menzies, 1965). The purpose of the 

addition of dextrose and potassium sulfate was to provide nutrients for use by indigenous 

microorganisms. All reagents were purchased from Fisher Scientific. 

Each column was homogenously packed with media as shown in Table 1. Chemical and 

physical characteristics for the reactive media are shown in Table 2. A Masterflex™ 
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peristaltic pump was used to pass aqueous metal solutions (either Cr(VI) or cadmium(II)) 

through the columns from their base upward at a constant rate of 3500 m/year. For the Cr 

and Cd elution studies, concentrations of 5, 50, and 200 mg/L solutions were pumped 

through the columns at different periods of time. The 200 mg/l rate was passed through 

ZVI for Cr and Cd, and through HA only for Cd. After each pore volume (PV) 

(approximately three hours per PV) passed through the column, the liquid samples were 

collected in new Nalgene® plastic bottles, previously cleaned with acid, and stored at 4
o
C 

until analyzed. Six pore volumes were passed through the columns (12 pore volumes 

were passed in the ZVI, HA and OM columns of the Cr experiment only).  



45 

 

Table 1. Column settings and composition of the synthetic groundwater used in column experiments.  

 

Name Treatment

 Mass (g) (Iron and 

Hydroxyapatite contained 

10% of silica sand)

Pore volume:                 

Cr(VI) solution

g ml

ZVI Zero-valent iron 268.52 52

HA Hydroxyapatite 89.63 80

OM Organic matter 17 152

OMx Organic matter+dextrose+K2SO4

17 + (80 ml of 0.005 M of 

dextrose + K2SO4)
152

Flowrate = 3500 m/y.  
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Table 2. Chemical and physical characteristics of the reactive media.                                                                              

 

Parameter Zero-valent iron Apatite Organic Matter

pH 6.8 6.5 6.7

Conductivity, µS 38.2 315.5 121.4

Cation exchange capacity 

(CEC), cmol(+)/kg. -- -- 1850

Sand: 67 Sand: 68

Silt:: 14.5 Silt:: 15

Clay: 18.5       Clay: 17

Bulk density, g/cm
3 1.76 0.88 0.106

Total organic carbon, % -- -- 0.97

Pore volume, ml 52.51 80.17 152.76

Particle size distribution, %

--
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Figure 1. Column experimental setup for the synthetic solutions. 

 

Solutions collected from the outflow of each column were analyzed for Cr or Cd 

concentration using flame atomic absorption spectrophotometry (FAAS) with a Perkin 
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Massachusetts). All calibration and reference standards were made using deionized (DI) 

water.  On the basis of the spectrophotometer calibration an analytical precision between 

0-5% percentage error was estimated measuring a standard solution of 5 mg/l (Cr or Cd 

respectively) after twelve samples taken (Appendix I. Quality Control Table). 

To obtain the maximum quantity of Cr(VI) and Cd trapped in the OM reactive 

media, six PVC columns (three replicates each for Cr and Cd) were homogenously 

packed with organic matter (17 g per column). A Masterflex™ peristaltic pump was used 

to pass the Cr and Cd solutions through the columns from their base upward, at a constant 

rate of 3500m/year. Twelve PV were passed through the columns in attempts to reach the 

saturation point (i.e., where Co = Cf; initial concentration = final concentration).The 

concentration used was 50 mg/l per PV for both Cr and Cd.  All procedures and 

analytical methods were identical to those used in the first experiment. 

II.  Column Studies, Field Contaminated Soil 

The soil used in this experiment was collected from a contaminated site in central 

Indiana (Memorial Drive Dump site (MDD), Delaware County). Soil material was 

collected from the surface 0-20 cm using a stainless steel sampling probe.  

The soil material was air-dried and sieved (< 2 mm mesh), packed into PVC 

columns and treated with reactive materials from Part I. Each column was homogenously 

packed with 20 g of MDD soil at the base of the column, with the reactive media above 

(Table 3 and Fig. 2). The experimental setup was carried out using a control PVC column 

packed only with the MDD soil. The solution collected from the column outflow was 

considered the baseline contaminated leachate (Cr and Cd) and was used in subsequent 

calculations of Cr and Cd capture by the  ZVI, OM, OMx, and HA). A Masterflex™ 
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peristaltic pump was used to pass DI water (pH 5) through the columns from their base 

upward, at a constant rate of 3500 m/ year. The acidic pH was established to simulate that 

of acid rain. Twelve pore volumes were passed through the columns. After passing DI 

water through each column, effluent samples were analyzed for Cr and Cd concentrations 

via FAAS. All calibration and reference standards were made using DI water.  The 

procedures, analytical methods followed and analytical precision were identical to those 

used above. (Appendix I). 
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Table 3. Column settings and composition of the MDD soil used in column experiments. 

 

Name Treatment

Mass (g) (All the columns 

were filled with silica sand to 

facilitate the DI flow)

Pore volume:                 

(DI water pH 5) 

solution

g ml

Control None 0 100

ZVI Zero-valent iron 200 80

HA Hydroxyapatite 6.25 115

OM Organic matter 66.6 100

OMx Organic matter+dextrose+K2SO4

4.76 + (18 ml of 0.005 M 

solution of dextrose + K2SO4)
115

Flowrate = 3500 m/y.
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Figure 2. Column experimental set up for MDD soil. 
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III. Characterization of MDD Soil and Media 

 Particle size distribution of the MDD soil was determined using the hydrometer 

method (Day, 1965). Organic carbon content was determined by loss on ignition at 600°C 

(ASTM, 1988), pH in a 1:2 (w:v) solid:deoinized water slurry, and cation exchange capacity 

by the BaCl2 method (Hendershot and Duquette, 1986). Total phosphorus was determined by 

the Bray-1 method (Olsen and Sommers, 1982). 

  Total metal content was determined by digesting the soil according to U.S. EPA 

Method 3050 (U.S. EPA, 1986).  Briefly, the method involves digesting 2 g of soil in 1:1 

HNO3 and 30% H2O2. The digestate is then refluxed with concentrated HCl, diluted to 100 ml 

with deionized H2O and filtered through Whatman No. 2 filter paper.  The filtrate was 

analyzed for Cr, Cu, Cd, Pb, Zn, Ca, Mg, and K by FAAS.                                                                      

IV. Statistical Analyses 

 Comparison of metal levels trapped from the different treatments (ZVI, OM, OMx, 

and HA) and the MDD soil were performed using a one-way analysis of variance and Pillai‟s 

Trace Test if a significant difference was detected (p < 0.05). SPSS, version 17.0 on a 

Windows format, was used for all analyses. 

Results and Discussion 

 

Ia. Chromium-leached columns 

For Co = 5 mg/l, the ZVI and OMx achieved the highest percentage removal rate 

(97.1 and 93.6%, respectively) (Fig. 3). The ZVI trapped an average 4.82 mg/l after 12 pore 

volumes and the OMx trapped 4.79 mg/l (Figs. 3-4; Appendix I. Tables A1, A3). The OMx 

and ZVI trapped approximately equal quantities of Cr per liter of solution (p = 0.968). The 
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HA and OM trapped 1.78 mg/l and 3.75 mg/l (Appendix I. Tables A2, A4) respectively, 

which is significantly (p < 0.05) less than that trapped by ZVI and OMx. 

 

Figure 3. Chromium trapped as a function of treatment (mg/l), Co = 5 mg/l. 
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Figure 4.  Chromium removal rate as a function of treatment (%), Co = 5 mg/l. 
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The Cr removal efficiency of ZVI may be explained in part by its capacity to donate 

the electrons necessary to reduce Cr as chromate and subsequently become oxidized to Fe(II) 

or Fe(III) (Lo et al., 2006). The Fe
o
 and Fe

2+
 released from anaerobic ZVI corrosion act as 

reductants to first chemically reduce Cr(VI) to Cr(III) followed by precipitation as chromium 

or chromium-iron oxides/ hydroxides/ oxyhydroxides on the Fe
o
 surface (Eqns. 1 and 2) (Lo 

et al., 2006):  

 

CrO4
2-

 + Fe
o
 +8H

+ 
       Fe

3+ 
+ Cr

3+ 
+ 4H2O    (1) 
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(1-x)Fe
3+

 + (x)Cr
3+

 +2H2O       Fe(1-x) Cr(x)OOH(s) + 3H
+
  (2) 

 

Other studies (Chen et al., 2007) indicate that higher Cr removal may be possible at 

low pH. In order to reduce a chromate concentration from 418 to 2 mg/l, a pH of 1.5 was 

required. At pH values above approx. 5.5, iron oxides will form, which limit chromate 

reduction (Chen et al., 2007).  

ZVI performance may have been somewhat negatively affected by the high flow rate 

to the columns. ZVI reduced Cr concentrations from 1500 μg/l to < 1μg/l (Wilkin et al., 

2005) and from 25,000 μg/l to 4000 μg/l (Lo et al., 2006) with flow rates of 60 m/year and 

400 m/year, respectively.  The present research used a flow rate of approximately 3500 

m/year, which may not permit an adequate reaction time for Cr with the ZVI. 

The composted sewage sludge which comprises the OM treatment is rich in reactive 

humic materials. Exchange sites are present for the sorption of both Cr(III) cations and 

anions such as CrO4
2-

 (Scherer et al., 2000). Pichtel and Anderson (1997) found this 

particular sludge to effectively bind soil Cr where limited retention (approx. 10%) occurred 

by ion exchange processes and approx. 61% occurred via precipitation (Pichtel and 

Anderson, 1997). The pH of the OM treatment is 6.7 and matches the pH that Pichtel and 

Anderson determined (Table 2). 

The addition of dextrose/sulfate to the OMx treatment significantly (p < 0.05) 

differed between OM and OMx in terms of Cr retention (Fig. 5; Appendix I. Tables A2, A3, 

Appendix III). The OMx consistently trapped greater Cr over all pore volumes.  
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Figure 5. Chromium trapped as a function of OM treatment (mg/l), Co = 5 mg/l. 
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The dextrose addition may have maintained anoxic conditions for sulfate reduction to 

proceed (Scherer et al., 2000). Dissolved sulfate serves as an electron acceptor during organic 

matter oxidation. The sulfate reduction is explained via eqns. 3-4 (Benner et al., 1997): 

 

2CH2Ox + SO4
2-

 +2H
+ 

            2CO2
 
+ 2H2O

 
+ H2S

- 
     (3) 

Me
2+

 + H2S
-
       MeS(s) + H

+
                    (4) 

 

Where CH2O represents organic carbon and Me
2+ 

represents a soluble metal cation. 

 

 

Chromium as Cr(VI) could be reduced using a variety of carbon and energy sources; 

according to Smith et al. (2002), a mixture of d-xylose and sucrose generated high cell 

densities and reduced Cr(VI) to the less-mobile Cr(III). Dextrose addition to the OMx could 
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also have improved Cr sorption because of enhanced microbial biomass production as 

generated by the supplied carbon source (Gallardo and Schlesinger, 1995). The 

hydroxyapatite trapped 1.78 mg/l after 12 pore volumes, the lowest Cr removal of all 

treatments (Fig. 3; Appendix I. Table A4,). Some Cr may be trapped as a result of the 

presence of phosphate from apatites, which precipitate transition metals (Golab et al., 2006; 

Scherer et al., 2000; Hodson et al., 2001).  

Calcium phosphates have high affinities for adsorption to mineral surfaces; therefore, 

calcium phosphates might be able to remediate soils or wastewater contaminated by heavy 

metals. The mechanism of metal ion removal is explained in eqns. 5-6 (Admassu and Breese, 

1999):  

 

Ca5(PO4)3OH + H2O            5Ca
2+

 (aq) + 3PO4
3-

 (aq) + 2OH
-
 (aq)   (5) 

5M
2+

 (aq) + 3PO4
3-

 (aq) + 2OH
-
 (aq)            M5(PO4)3OH + H2O      (6) 

Where M
2+  

is a divalent metal. 

 

Although pH of the HA was 6.5 (Table 8), this was apparently not sufficient for 

greater Cr attenuation. It is possible that the Cr formed coatings on the HA surface. 

Limestone tends to develop an external coating, or armor, of Fe(OH)3 when added to acid 

mine drainage, which can be effective for the attenuation of dissolved metals (Skousen et al., 

2000; Cravotta and Trahan, 1999). 

Apatite and other calcium-bearing minerals have been used successfully to precipitate 

groundwater metals (Golab et al., 2006; Skinner and Schutte, 2006; Amos and Younger, 
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2003). As these compounds dissolve they increase solution alkalinity and raise pH.  Metal 

contaminants precipitate as hydroxides or carbonates if pH has increased sufficiently 

(Morrison et al., 2002; U.S. EPA, 1998): 

For Co = 50 mg/l after six pore volumes, the ZVItrapped an average 48.3 mg/l (Fig. 6; 

Appendix I. Table A5). The OMx and OM treatments trapped approximately the same 

amount of Cr per liter of solution (42 and 43 mg/l each) (p = 0.81), while HA trapped 3.2 

mg/l (Fig. 6; Appendix I. Tables A6-A8 ). All treatments differed significantly (p < 0.05) in 

terms of efficiency of Cr retention with the exception of OM versus OMx (Appendix III). 

 

Figure 6. Chromium trapped as a function of treatment (mg/l), Co = 50 mg/l. 
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Figure 7.  Chromium removal rate as a function of treatment (%), Co = 50 mg/l. 
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Zero-valent iron achieved the greatest efficiency of Cr removal at 50 mg/l (Appendix 

II. Table A5), although this rate is ten times higher than the 5 mg/l rate (refer to Figs. 4, 7; 

Appendix II. Tables A1 and A5). These results suggest that ZVI has not reached its 

saturation point for Cr after 6 PV of 50 mg/l. 

The OMx and OM maintained an efficiency of approx. 43 mg/l of Cr trapped per liter 

(Appendix II. Tables A6 and A7) with a ten-times higher initial concentration. These results 

suggest that OM and OMx have not reached their saturation point for Cr after 6 PV of 50 

mg/l.  
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The Cr removal rate by hydroxyapatite declined to 6.5 mg/l after six pore volumes, 

which suggests that HA was nearing saturation after the fourth PV of 50 mg/l Cr 

concentration (16 mg of Cr total) (Appendix II. Tables A8). 

This data is in contrast to Scherer et al. (2000) and Admassu and Breese (1999), who 

found that hydroxyapatites might be a very effective treatment for metal immobilization and 

precipitation of low-solubility metal phosphates. 

 At Co = 200 mg/l the ZVI trapped an average 190 mg/l of Cr, (Appendix II. Tables 

A9). As the initial concentrations increased (i.e., from 5 to 200 mg/l), the efficiency 

improved correspondingly. With Co = 5 mg/L, the efficiency per volume averaged 4.8 mg/l; 

with Co = 50 mg/L, it was 48.3 mg/l; and with a Co = 200 mg/L, it was 190 mg/l (Fig. 8).  

The ZVI was capable of attenuating 200 mg/l (or 60 mg Cr) after six pore volumes 

without becoming saturated. The Cr removal efficiency of ZVI may be explained in part by 

its capacity to donate the electrons necessary to reduce Cr as chromate and become oxidized 

to Fe(II) or Fe(III); thus, precipitated Cr would formed (Lo et al., 2006).  

The above results are in contrast to those of Chen et al. (2007), who indicated that 

highest Cr removal will occur at low pH, because at pH values > 5.5 iron oxides will form, 

which limit chromate reduction (Chen et al., 2007). The pH of the Cr solutions in the current 

study averaged 6.8 (Table 2) and still maintained a high efficiency of removal.   

The practical value of these findings is that ZVI could serve to chemically reduce and 

precipitate Cr(VI) in groundwater remediation systems such as PRBs (U.S. EPA, 1998). Lo 

et al. (2006), however, suggested that ZVI can be exhausted after reacting with a certain 
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quantity of contaminant. This issue must be carefully considered in PRB design in the field 

(Lo et al., 2006). 

 

 

Figure 8. Chromium trapped as a function of zero-valent iron treatment (mg/l), Co = 5, 50 and 

200 mg/l). 
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Figure 9.  Chromium removal rate as a function of zero-valent iron treatment (%), Co = 5, 50 

and 200 mg/l. 

 

 

90

95

100

0 1 2 3 4 5 6 7

C
r 

re
m

o
v
a
l 

ra
te

 (
%

)

Pore volumes

Solution = 5 mg/l

Solution = 50 mg/l

Solution = 200 mg/l

 
 

Ib. Cadmium-leached columns 

For Co = 5 mg/l, all treatments trapped substantial soluble Cd, ranging between 4.8 to 

4.9 mg/l (Figs. 10-11; Appendix II. Tables 10-13).  

Soluble Cd was effectively trapped from solution by ZVI (Bartzas et al., 2006). 

Divalent transition metals are subject to reduction through the oxidation of Fe
o 
as follows: 

 

Fe
o
 + Cd

2+
        Cd

o
 + Fe

2+
      (7) 

 

The primary mechanism for rapid removal of Cd
2+

 is cementation or reductive 

precipitation as metal hydroxides, which can be maintained over long periods, especially 

when leachate flow is relatively low (Bartzas et al., 2006). The present experiment used a 
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flow rate of 3500 m/year, while Bartzas et al. (2006) worked with 550 m/year and Cd was 

trapped to below detection limits (i.e., 0.05 mg/l).  

Cadmium removal has also occurred due to pH changes induced by zero-valent iron, 

which creates reducing conditions that support precipitation and increased sorption of heavy 

metals. Klinger et al. (1998) found that reactions induced by zero-valent iron (increase of pH, 

decrease of Eh) formed a basis for nearly complete removal of cadmium and other heavy 

metals from mine water . 

 

Figure 10. Cadmium trapped as a function of treatment (mg/l), Co = 5 mg/l. 
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Figure 11.  Cadmium removal rate as a function of treatment (%), Co = 5 mg/l. 

 

 

 
 

 

The OM and OMx trapped high quantities of Cd in part because of the high CEC of 

this material (Table 2). The OM and OMx results are consistent with the sorption process 

studies that show that humic materials contain a wide variety of functional groups which 

provide exchange sites for the sorption of cations such as Cd
2+

 (Scherer et al., 2000). One 

significant drawback to cation exchange processes as a mechanism for metal retention is that 

these processes are reversible. In other words, the sorbed Cd
2+

 ions may become released into 

groundwater some time in the future. Addition of dextrose/potassium sulfate did not 

significantly affect the quantity of Cd trapped or the efficiency per volume at Co = 5 mg/l (p 

> 0.05 between OM and OMx) (Fig. 12; Appendix II. Tables A11 and A12, Appendix III). 
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This non-effect with Cd might have been because microorganisms do not grow at high 

concentrations. According to Lebeau et al. (2002) bacterium ZAN-044 did not grow at 10 

mg/l of Cd and it did not accumulate Cd. On the other hand, Nriagu and Nieboer (1988) 

presented a research where bacterial counts increased slightly after a Cr(VI) spill containing 

100 mg/L. Soil fungi have been reported to be ten to fifty times as resistant as soil bacteria to 

the effects of soil Cr(VI) (Nriagu and Nieboer (1988). 

 

Figure 12. Cadmium trapped as a function of OM treatment (mg/l), Co = 5 mg/l. 
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Other studies (Ludwig et al., 2002) have indicated that municipal compost is a highly 

effective substrate for sulfate-reducing bacteria. Cadmium was significantly attenuated (from 

8-21μg/l to < 0.1 μg/l) by a PRB containing leaf compost at pH 6.9 (Ludwig et al., 2002).  

The presence of potassium sulfate may have enhanced Cd attenuation. Dissolved 

sulfate serves as a readily-available electron acceptor in anoxic environments as shown in 

eqns. 3-4 (Benner et al., 1997) previously. 

Hydroxyapatite demonstrated high Cd attenuation (4.9 mg/l) using 5 mg/l as initial 

concentration (Appendix II. Table A13). Similar results were found by Sneddon et al. (2008) 

and Marchat et al. (2007), who determined Cd attenuation using hydroxyapatite. The actual 

mechanisms of Cd retention may include both simple precipitation and cation displacement. 

The pH of the HA amendment was 6.7. In this pH range the majority of soluble Cd should 

precipitate (Lindsey, 2001). Common precipitates include oxides, hydroxides, carbonates and 

phosphates. The cation displacement reaction between Cd and Ca (from hydroxyapatites) is 

described by eqn. 10 (Marchat et al., 2007): 

 

HA-Ca
2+

 + Cd
2+

   HA-Cd
2+

 + Ca
2+ 

(10)   

 

Considering the flow rate of the present experiment (3500 m/year or approx. 55 

ml/h), the relatively short period of reaction time between HA and Cd solutions may have 

limited Cd attenuation. The amount of Cd fixed by hydroxyapatite increases with time of 

contact; for instance, Cd fixation increased after 25 hours of mechanical stirring between HA 

and aqueous Cd (Marchat et al., 2007). Regardless the flow rate of the present study, 
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hydroxyapatite maintained the same Cd attenuation after six pore volumes, i.e., there was no 

indication of saturation (Fig. 10; Appendix II. Table 13;). 

For Co = 50 mg/l, all treatments also experienced a high Cd trapped efficiency (Fig. 

14; Appendix II. Tables A14-A17). There was no significant difference between treatments 

(p < 0.05) (Fig. 13, Appendix II. Tables A14-A17, Appendix III.).  

 

Figure 13. Cadmium trapped from solution as a function of treatment (mg/l), Co = 50 mg/l. 

 

 

 

 
 

 

 

 

 

 

 

 

 



68 

 

Figure 14.  Cadmium removal rate as a function of treatment (%), Co = 50 mg/l. 
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The behavior of each treatment at Co = 50 mg/l is similar to that at Co = 5 mg/l. All 

treatments trapped approximately ten times more Cd than with Co = 5 mg/l, which suggests 

that none of the treatments had reached Cd saturation.  

 A Co = 200 mg/l Cd solution was used for ZVI and HA. The ZVI trapped an average 

191 mg/l Cd (Fig. 16; Appendix II. Table A18). Even as the initial influent concentrations 

increased from 5 to 200 mg/l, the Cd removal efficiency improved with each increment. With 

Co = 5 mg/L, the efficiency per volume averaged 4.9 mg/l; with Co = 50 mg/L, the efficiency 

was 47.8 mg/l; and with Co = 200 mg/L the efficiency averaged 191.3 mg/l (Fig. 15). These 

findings suggest that ZVI has not achieved saturation. The results agree with those of Bartzas 

et al. (2006) which demonstrated the effectiveness of ZVI for Cr removal.  



69 

 

Figure 15. Cadmium trapped as a function of ZVI treatment (mg/l), Co = 5, 50 and 200 mg/l. 

 

 

 
 

 

 

Figure 16.  Cadmium removal rate as a function of ZVI treatment (%), Co = 5, 50 and 200 

mg/l. 
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For Co = 200 mg/l the HA trapped 199 mg/l Cd  (Figs. 17-18; Appendix II. Table 

A19).  Even as the initial concentrations increased from 5 to 200 mg/l the efficiency of 

removal increased. With Co = 5 mg/l, the efficiency per volume averaged 4.9 mg/l; with Co = 

50 mg/l the efficiency averaged 49.6 mg/l; and with Co = 200 mg/l the efficiency averaged 

199 mg/l (Fig. 18). These findings suggest that HA has not achieved saturation. Once again, 

these results are very similar to previous studies which found that common Cd precipitates as 

oxides, hydroxides, carbonates and phosphates with Ca. This cation displacement reaction 

between Cd and Ca (from hydroxyapatites) is described by Eqn. 10 previously presented 

(Marchat et al., 2007). 

 

Figure 17.  Cadmium removal rate as a function of HA treatment (%), Co = 5, 50 and 200    

        mg/l. 
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Figure 18. Cadmium trapped as a function of HA treatment (mg/l), Co = 5, 50 and 200 mg/l. 
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Organic matter saturation study 

Attempts were made to achieve saturation for Cr and Cd in the OM treatment. After 

12 pore volumes of Co = 50 mg/l Cr or Cd solution the saturation point was not reached; 

however, it was found that the OM trapped a significantly (p < 0.05) higher quantity of Cd 

(49.6 mg/l) than Cr (43.3 mg/l), respectively (Figs. 19-20, Appendix II. Tables A20 and A21, 

Appendix III.). This Cr and Cd attenuation might be a result of reductive precipitation of 

heavy metals via biotic processes that can be found in the OM. Chromium and Cd could have 

been converted to insoluble metal sulfides. (Blowes et al., 1995; 1997; Benner et al., 1997). 

Apparently, the high CEC found in the OM of the present research was able to permit 

Cd sorption. These results are compared to what is found in research that correlates Cd 
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sorption with the CEC of clay minerals and with concentrations of carbonate minerals, oxides 

and organic matter in soils. Various anions such as chloride and sulfate create Cd complexes, 

maintaining it in solution. (Smith et al., 1995). 

Adsorption reactions might have also happened with Cr(VI) species. Adsorption 

generally involves cation exchange of Cr(III) as Cr
+3

 or hydroxyl ionic species onto hydrated 

iron and manganese oxides located on the surface of clay particles or humic molecules. The 

soil organic matter component of soil provides the greatest CEC, followed by clay minerals 

such as vermiculite, saponite and montmorillinite (U.S. EPA, 2000).  

 

Figure 19. Chromium and Cd trapped by organic matter (mg/l) after 12 PV, Co = 50 mg/l. 
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Figure 20.  Chromium and Cd removal rate by organic matter after 12 PV, Co = 50 mg/l. 
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Comparison of Cd and Cr retention by treatment 

 For Co = 5 mg/l, the OMx and ZVI behaved in a similar fashion for both Cr and Cd 

(approx. 4.8 mg/l trapped for both metals) (p > 0.05), while Cr and Cd attenuation between 

HA and OM was significantly different (HA trapped 1.9 mg/l Cr and  4.9 mg/l Cd; OM 

trapped 3.6 mg/l Cr and 4.9 mg/l Cd) (p < 0.05) (Appendix II. Tables A1-A4; A10-A13, 

Appendix III.). These results suggest that Cr and Cd can be trapped by OMx and ZVI with 

the same efficiency, while OM and HA were more effective for retention of Cd than for Cr. 

The HA results are in agreement with others studies (Sneddon et al., 2008; Marchat et al., 

2007) where substantial Cd attenuation was measured using hydroxyapatite. 
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For Co = 50 mg/l, ZVI behaved similarly regarding retention of the two metals 

(approximately 47.8 mg/l trapped for both) (p = .835), while Cr and Cd attenuation using 

HA, OMx and OM was significantly (p < 0.05) different. The OM trapped 43 mg/l Cr and 49 

mg/l Cd; OMx trapped 42.6 mg/l Cr and 49.6 mg/l Cd; and HA trapped 3.2 mg/l Cr and 49 

mg/l Cd (Appendix II. Tables A5-A8, A14-A17, Appendix III.). These results suggest that Cr 

and Cd can be trapped by ZVI with similar efficiency, while OM, OMx, and HA were more 

efficient in retaining Cd than Cr.  

Considering that the pH used in the present research is near-neutral, the success of Cd 

removal by OM is related to the fact that Cd is most mobile in soils at pH < 5.0, whereas in 

neutral and alkaline soil it is rather immobile (U.S. EPA, 1995; McBride, 1994; Kabata-

Pendias, 2001; McLaughlin and Singh, 1999). Furthermore, liming a soil beyond pH 5.5 will 

result in the formation of relatively immobile Cd species (i.e., hydroxides, oxides and 

carbonates) (Smith et al., 1995; Laxen, 1985).  The pH of the OM used in the present 

experiment was 6.7, which suggests Cd precipitation. 

On the other hand, according to what has been found by research, the reduction 

reaction between ZVI and Cr appears to be appropriate for pH values less than 10 (EPA, 

2000) with only a reduction in the kinetics of the reaction while the pH increases (Lai and 

Lo, 2008). Between ZVI and HA, a higher pH could have been the explanation to attenuate 

the Cr. At a neutral pH the 5 mg/l initial concentration attenuated Cr, even though the 

treatment reached its saturation point at a 50 mg/l concentration. Theses findings are very 

similar the fact that an increase in the pH is needed to generate a precipitation that Morrison 

et al. (2002) and the U.S. EPA (1998) found.  
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Significance of chromium retention data 

 

 The significant Cr removal efficiency by ZVI (Appendix II. Tables A1, A5, and A9) 

is in agreement with the fact that Cr(III) compounds are considered to be stable because most 

have precipitated by pH 5.5 (Kabata-Pendias, 2001; McBride, 1994). Trivalent Cr resembles 

Fe(III) and Al(III)
 
in ionic size and in geochemical properties; for example, Cr(III) readily 

substitutes for Fe(III) in mineral structures. Also, reduction of Cr(VI) to Cr(III) with 

subsequent precipitation or adsorption of the trivalent species may occur in the presence of 

reductive solids such as Fe(II) (Bartlett and Kimble., 1976a; James and Bartlett, 1983a).  

 The significant Cr removal efficiency by OM (Appendix II. Tables A2, A6, and A20) 

may indicate both biotic reductive processes as well as cation and anion exchange reactions. 

Chromium (VI), being a strong oxidant, can be reduced by naturally-occurring electron 

donors, including organic matter (Palmer and Puls, 1994). Organic material from composts 

typically possesses high surface area and high cation exchange capacity. The Cr(VI) 

reduction rate should increase with soil humic concentration and initial Cr(VI) concentration. 

Chromium can also be reduced via the biochemical processes of aerobic and anaerobic 

microorganisms (Palmer and Puls, 1994). Daulton et al. (2006) and Arias and Tebo (2002) 

demonstrated that facultative and strictly anaerobic bacteria commonly found in soils and 

marine sediments, reduced Cr(VI) to Cr(III). Sulfate- and iron-reducing bacteria can 

indirectly reduce Cr(VI) via their anaerobic metabolic end products, hydrogen sulfide (HS-) 

and Fe(II), respectively (Arias and Tebo, 2002). Horton et al. (2006) found a species of 

Arthrobacter with the potential to be a predominant metal reducer in in-situ remediation 

efforts involving Cr(VI) and possibly other heavy metals and radionuclides. Arias and Tebo 
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(2002) demonstrated the reduction of 0.5 mM Cr(VI) in sandy sediment samples amended 

with sulfate or ferric iron preceded sulfidogenesis or ferric iron reduction and appeared to be 

mediated by microorganisms. However, to obtain Cr(VI) reduction by bacterial communities, 

it is essential to control pollution levels and other environmental factors that might influence 

the development, diversity, and activities of natural microbial communities in different 

environments (Arias and Tebo, 2002).  

Landfill leachates were found to exhibit reducing properties whereby Cr(VI) was 

converted into Cr(III). The reduction is attributed to a microbial process in the presence of 

high concentrations of organic materials in the leachates. Microbial reduction of Cr(VI) was 

also found to occur under alkaline conditions in extracts from industrial waste. A 55% 

reduction of Cr(VI) was achieved by enriching the extract with bacteria and organic material 

(Yarong et al., 2004). 

The structural similarity of the soluble chromate anion to biologically important 

inorganic anions such as (SO4
2-

) and PO4
3-

, is likely responsible for its ability to readily cross 

cell membranes, via the sulfate transport system, and be incorporated into cells (Dulton et al., 

2006). Such processes may further result in Cr removal from solution. 

 Once the Cr(VI) is reduced to Cr(III), it may bind to soil organic matter or precipitate 

as chromium hydroxide. Trivalent Cr may be readily adsorbed by the OM treatment; 

additionally, however, the CrO4
2-

 anion may be adsorbed by positively-charged colloids 

within the OM (McBride, 1994).  

Chromium might have precipitated by the HA treatment even though the pH did not 

passed the neutral conditions. According to Artiole and Fuller (1979) agricultural limestone 
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can neutralize the pH of landfill leachate and precipitate soluble Cr. Also, laboratory tests 

indicated successful removal of Cr(III) and less successful treatment of an anionic form of 

Cr(VI), i.e., CrO4
2-

 (U.S. EPA, 2008).  The reaction (eq. 5) that could have occurred during 

chemical precipitation when HA interacted with Cr could have increased the alkalinity and 

the pH.  

 

Significance of cadmium retention data 

 

Little published data exists regarding the effectiveness of ZVI for retention of soluble 

Cd. Yang et al. (2004) found ZVI to remove 69% of soluble Cd from a contaminated paddy 

soil in South Korea. 

Considering that one of the most significant environmental factors which control Cd ion 

mobility is pH (U.S. EPA, 1995), it is important to emphasize the use of neutral pH with ZVI 

and OM treatments in the present research. Cadmium removal efficiency by ZVI was 

successful. Removal efficiency by the OM and OMx treatments averaged 4.9 mg/l and 49 

mg/l for Co = 5 and 50 mg/l, respectively) (Appendix II. Tables A11-12, A15-16). These data 

are in agreement with McBride (1994) who indicated that neutral and alkaline soils tend to 

immobilize soluble Cd. In addition to simple precipitation, the near-neutral pH may have 

promoted the formation of complex ions such as CdCl
+
, CdHCO3

+
, CdCl4

2-
, Cd(OH)3

-
, 

Cd(OH)4
2-

 and organic chelates (McBride, 1994), which are subject to cation exchange 

processes. Monovalent hydroxy ion species (i.e., CdOH
+
) may occur which do not readily 

occupy cation exchange sites. Cadmium will also precipitate with phosphate and similar 
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oxyanions with solubilities being a function of pH and geochemistry (U.S. EPA, 1995; 

McBride, 1994; Kabata-Pendias, 2001; McLaughlin and Singh, 1999). 

At high concentrations Cd complexes with humic substances or other organic 

molecules. The CEC of the OM treatment was 1850 cmol(+)/kg (Table 2). Mehta et al. 

(2006) found that the effect of organic matter content on Cd adsorption was found to be the 

dominating retention effect whereas the effect of clay content was secondary. Hettiarachchi 

et al. (2003) found that biosolids, particularly when enriched in Fe or Mn, significantly 

trapped more Cd. 

Microbial activity is believed to influence the transformations of Cd (Pichtel, 2007). 

Houba and Remacle (1984) found that using a mixed microbial culture up to 80% of soluble 

Cd metal contained in the inlet flux was trapped by the biomass. 

The high Cd removal efficiency by HA (Appendix II. Tables 13, 17 and 19) is in 

agreement with McBride (2004), who states that the Cd
2+

 ion can co-precipitate with CaCO3. 

The high retention of Cd by HA is also in accordance with Kabata-Pendias (2001) and 

Marchat et al. (2007) who indicated that Cd is likely to form minerals such as CdO and 

CdCO3 in strongly oxidizing environments and may also accumulate in phosphate and other 

deposits. Eqn. 10 explains the reaction (Kabata-Pendias, 2001; Marchat et al., 2007): 

 

HA-Ca
2+

 + Cd
2+

   HA-Cd
2+

 + Ca
2+ 

(10)   

 

 

II. Column Studies, Field Contaminated Soil 

Characterization of MDD Soil 
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The texture of the MDD soil is a silt loam consisting of 65% sand, 14% silt and 21% 

clay (Table 4). The soil has a pH of 8.3 and is contaminated with Pb, Zn and other heavy 

metals. Soil Cr concentrations are at the upper range (61 mg/kg) of typical soil Cr levels 

(McBride, 1994). However, Cd concentrations in the MDD soil are significantly elevated 

over non-contaminated soils, averaging 10.1 mg/kg. Cadmium levels in a non-contaminated 

soil do not typically exceed 1 mg/kg (Chlopecka et al., 1996). The very high TOC value is 

the result of the presence of waste oil and solvents that had been disposed to the soil (Suthan, 

1996). 

 

       Table 4. Selected chemical and physical characteristics of the MDD soil. 

 

 

            

Parameter Mean Range

pH 8.3 --

TOC, % 5.4 5.3 - 5.5

Total N, mg/kg 0.11 0.07 – 0.17

CEC, cmol/kg 8.4 --

Extractable, mg/kg

  Ca 3681 3785 – 3578

  Mg 241.5 229 – 254

  K 61.5 59 – 64

Total metal, mg/kg

  Pb 39,864 35,040 – 49,520

  Cd 10.1 8.2 – 11.8

  Zn 1512 1000 - 2800

  Cr 61                      --

Sand,  % 64.5 --

Silt,    % 14.1 --

Clay,  % 21.5 --
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After passing 12 pore volumes of DI water (pH 5) through the MDD soil columns, very 

low amounts of Cr and Cd were detected in the outflow (Table 5 and 6). Compounds of Cr 

are considered to be stable in soils because by pH 5.5 most have precipitated (McBride, 

1994). The pH of the MDD soil was 8.3 (Table 4) which implies that this pH did not permit 

metal leaching. Cadmium concentrations in the MDD soil are significantly elevated; 

however, only a small portion of Cd in the MDD soil is readily mobile. In a study by Pichtel 

et al. (2000), approx. 9% of MDD soil Cd occurred in soluble form and 4.8% in 

exchangeable form. The remaining 86.2% of soil Cd is not considered to be readily 

leachable. 

 

Table 5. Chromium leached from MDD soil in columns (DI water, pH = 5) 

 

PV DI water pH 5 Control Cf Cr  Cf 
Cumulative 

Cr 

# ml mg/l mg mg

1 100 0.042 0.004 0.004

2 100 0.020 0.002 0.006

3 100 0.146 0.015 0.021

4 100 0.205 0.021 0.041

5 100 0.137 0.014 0.055

6 100 0.156 0.016 0.071

7 100 0.133 0.013 0.084

8 100 0.050 0.005 0.089

9 100 0.054 0.005 0.094

10 100 0.023 0.002 0.097

11 100 0.062 0.006 0.103

12 100 0.098 0.010 0.113  
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Table 6. Cadmium leached from MDD soil in columns (DI water, pH = 5) 

PV DI water pH 5 Control Cf Cd  Cf 
Cumulative 

Cd

# ml mg/l mg mg

1 100 0.060 0.006 0.006

2 100 0.082 0.008 0.014

3 100 0.017 0.002 0.016

4 100 0.063 0.006 0.022

5 100 0.018 0.002 0.024

6 100 0.072 0.007 0.031

7 100 0.019 0.002 0.033

8 100 0.019 0.002 0.035

9 100 0.022 0.002 0.037

10 100 0.013 0.001 0.039

11 100 0.038 0.004 0.042

12 100 0.036 0.004 0.046  

 

Metal Attenuation by Treatments to the MDD Soil 

The ZVI was the only treatment capable of trapping any of the mobile soil Cr (Fig. 21). 

The other treatments‟ performance (not shown in the Fig. 21) presented negative values, 

implying any signifant Cr attenuation. These findings are in agreement with the first phase of 

the present research employing synthetic Cr solutions, where the ZVI was most effective. 

Likewise, the ZVI was effective in attenuating soil Cd while the OM, OMx and HA 

treatments did not attenuate Cd (Fig. 22). The pH of the extracting solution was 5.0 in this 

study, whereas it was 7.0 in the synthetic solution leaching study. Chen et al. (2007) found 

that acidic solutions were required for ZVI to significantly attenuate soluble Cr. Even though, 

EPA (2000), and Lai and Lo (2008) presented research which shows that attenuation of 

Cr(VI) by ZVI can be achieved between ph 3 and 10. 
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Furthermore, these data are in agreement with McBride (1994) who indicated that 

neutral and alkaline soils tend to immobilize soluble Cd. In addition to simple precipitation, 

the near-neutral pH may have promoted the formation of complex ions such as CdCl
+
, 

CdHCO3
+
, CdCl4

2-
, Cd(OH)3

-
, Cd(OH)4

2-
 and organic chelates (McBride, 1994), which are 

subject to cation exchange processes.  

 Additionally, the results suggest that Cr(III) compounds are considered to be stable 

because most have precipitated by pH 5.5 (Kabata-Pendias, 2001; McBride, 1994). Trivalent 

Cr resembles Fe(III) and Al(III)
 
in ionic size and in geochemical properties; for example, 

Cr(III) readily substitutes for Fe(III) in mineral structures. Additionally, reduction of Cr(VI) 

to Cr(III) with subsequent precipitation or adsorption of the trivalent species may occur in the 

presence of reductive solids such as  Fe(II) (Bartlett and Kimble, 1976a; James et al., 1983a).  

 

Figure 21. Cumulative Cr leached over 12 pore volumes and Cr trapped by   treatment. 
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Figure 22. Cumulative Cd leached over 12 pore volumes and Cd trapped by treatment. 
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Conclusions 

 

The order of Cr removal by the treatments from both the 5 and 50 mg/l Cr solutions 

may be summarized as follows: ZVI > OMx > OM > HA. 

The ZVI method maintained a removal efficiency of 4.8 mg/l  (> 95%) through the final pore 

volume, which suggests that the ZVI can effectively remove Cr without becoming saturated. 

The published literature has demonstrated that ZVI is highly effective for the removal of 

arsenates, chlorinated hydrocarbons and other contaminants; however, there is limited data 

regarding Cr retention by ZVI. The current study demonstrates the superior ability of ZVI to 

retain Cr on a bench-scale.  

The addition of dextrose/sulfate to the OMx columns significantly affected Cr 

attenuation. This effect is presumably due to increased biological activity, which may result 

in biological reduction of Cr(VI) to the less-mobile Cr(III), and adsorption of Cr species to 
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organic material including microbial biomass. Additional studies are necessary to determine 

which effect predominates. 

The HA treatment was the least successful and became saturated after 16 mg (Co = 50 

mg/l). Although shown to be successful in the literature for attenuation of metallic 

contaminants, HA was not effective for Cr removal from solution. 

All treatments used for Cd removal indicated a high efficiency per volumes at Co = 5 

and 50 mg/l. The addition of dextrose/sulfate to the OMx columns did not significantly affect 

Cd attenuation at any concentration in comparison with OM without an additional energy 

source.  The Cd removal efficiency averaged 98% with ZVI, OM, OMx, and HA, suggesting 

that none of the treatments became saturated. The HA and ZVI method resulted in a 98% 

removal efficiency for Co = 200 mg/l as well, without arriving to a breakthrough limit. 

The ZVI was the only treatment capable of retaining any of the mobile soil Cr from 

the contaminated MDD soil. Likewise, the ZVI was effective in attenuating Cd from the 

MDD while the OM, OMx and HA treatments did not attenuate Cd. These results pose an 

example of how positive laboratory results may not be duplicated in the field since there are 

more variables to consider (i.e. climate differences including temperature and moisture 

levels; pH of rainfall, etc.). 

In order to apply PRB technology in the field, numerous factors must be accounted 

for including flow rate, volume of treatment media, CEC of the contaminated soil, 

geochemical properties (electrolyte concentrations, alkalinity, etc.), source of carbon 

available in the soil (for microbial activity, if applicable), type(s) of contaminants, and 

concentration of the contaminant(s).  
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Recommendations for Future Research 

 

From the results obtained in the present research it appears necessary to further study 

Cr and Cd removal efficiency using a lower flow rate, higher influent concentrations to 

define the saturation point, and different solution pH values and temperatures. Determination 

of Cr(III) from Cr(VI) in the effluent will be necessary to determine the predominant species. 

Also, to assemble much longer columns or a series of multiple columns might enhance metal 

retention. 

The use of BET or similar technology for determination of surface area of the 

treatments should be applied to understand the differences between the magnitude of 

adsorption of the media. 

The development of detailed mathematical models explaining metal behavior in PRB 

media would be helpful to determine the metal/media behavior with higher concentrations or 

over long periods. Future research should proceed with Scanning Electron Microscopy 

(SEM) analyses of metals trapped from specific media locations within the column, as well 

as x-ray diffraction and FI-IR spectroscopy to determine the specific occurrence of metal 

fixation or adsorption along the treatment. 

To obtain practical field data considering more environmental variables, it is strongly 

recommended that a PRB, even at pilot-scale, be constructed and installed at the MDD site. 
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 APPENDIX  

I.  Quality control table 

1 PV 2 PV 3 PV 4 PV 5 PV 6 PV 7 PV 8 PV 9 PV 10 PV 11 PV 12 PV

5 1.88 0.2 3.78 2.82 2.44 2.42 1.9 1.4 3.94 4.92 4.12 0.44

50 0.2 1.5 2.24 1.64 0.02 0.22

200

5 NA NA NA 3.36 NA NA

50 NA NA NA NA NA NA

200

Concentration, 

mg/l 50

Concentration, 

mg/l 50

2.36

NA

11.4 NA 0.02

21.04 2.54 NA

OM-Cd

MDD soil

DI water, pH 5

2.24NA

NA 2.02

Percentage error

%

Concentration, 

mg/l

Cr

Cd

Concentration, 

mg/l

Quality Control

OM-Cr

NA

3.78
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II. 

Table A1. Efficiency of Cr removal by ZVI, Co = 5 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

ZVI 4   

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.25 0.25 0.04 0.03 0.02 0.16 0.06 0.06 0.003 0.247 0.25 0.013 98.742 4.94 0.067

2 5 0.25 0.50 0.10 0.01 0.01 0.11 0.06 0.12 0.003 0.247 0.49 0.011 98.813 4.94 0.057

3 5 0.25 0.75 0.11 0.02 0.03 0.42 0.15 0.27 0.007 0.243 0.74 0.029 98.232 4.85 0.197

4 5 0.25 1.00 0.21 0.05 0.04 1.20 0.37 0.64 0.019 0.231 0.97 0.075 96.803 4.63 0.577

5 5 0.25 1.25 0.19 0.09 0.11 1.16 0.39 1.03 0.019 0.231 1.20 0.078 95.890 4.61 0.535

6 5 0.25 1.50 0.02 0.01 0.02 0.11 0.04 1.07 0.002 0.248 1.45 0.008 96.441 4.96 0.050

7 5 0.25 1.75 0.02 0.02 0.02 0.21 0.07 1.14 0.003 0.247 1.69 0.014 96.756 4.93 0.099

8 5 0.25 2.00 0.07 0.09 0.10 0.35 0.15 1.29 0.008 0.242 1.94 0.030 96.786 4.85 0.138

9 5 0.25 2.25 0.12 0.09 0.08 0.38 0.17 1.45 0.008 0.242 2.18 0.033 96.774 4.83 0.149

10 5 0.25 2.50 0.01 0.02 0.06 0.47 0.14 1.59 0.007 0.243 2.42 0.028 96.816 4.86 0.229

11 5 0.25 2.75 0.04 0.05 0.04 1.25 0.35 1.94 0.017 0.233 2.65 0.069 96.475 4.65 0.628

12 5 0.25 3.00 0.10 0.07 0.07 0.88 0.28 2.22 0.014 0.236 2.89 0.056 96.302 4.72 0.419

Total 3.00 3.00 2.22 0.105 2.395 2.89 0.035

Average 0.09 0.05 0.06 0.64 0.210 97.069 4.82 0.262

C0 = initial concentration; Cf = final concentration.  
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Table A2. Efficiency of Cr removal by OM, Co =  5    mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 

OM 4 

Cf 

Total avg. 

solution

Added avg. 

solution
Cr Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per volume
 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.76 0.76 1.72 1.29 0.72 0.08 0.95 0.79 0.14 0.615 0.62 0.191 80.930 4.05 0.722

2 5 0.76 1.52 2.21 3.85 2.19 2.11 2.59 3.38 0.39 0.367 0.98 0.518 64.590 2.44 0.851

3 5 0.76 2.28 0.25 0.56 0.23 0.23 0.32 3.69 0.05 0.712 1.69 0.063 74.281 4.75 0.162

4 5 0.76 3.04 0.66 2.45 1.40 1.63 1.53 5.23 0.23 0.527 2.22 0.307 73.038 3.51 0.746

5 5 0.76 3.80 1.38 1.76 0.60 1.18 1.23 6.46 0.19 0.573 2.79 0.246 73.520 3.82 0.489

6 5 0.76 4.56 3.40 1.64 1.88 2.55 2.37 8.82 0.36 0.400 3.19 0.473 70.042 2.67 0.802

7 5 0.76 5.32 0.43 0.13 0.26 0.47 0.32 9.15 0.049 0.711 3.90 0.065 73.400 4.74 0.159

8 5 0.76 6.08 1.71 0.56 1.85 1.99 1.53 10.68 0.232 0.528 4.43 0.306 72.903 3.52 0.663

9 5 0.76 6.84 0.39 0.26 0.68 0.88 0.55 11.23 0.084 0.676 5.11 0.110 74.690 4.51 0.285

10 5 0.76 7.60 1.04 2.19 2.56 2.84 2.16 13.38 0.328 0.432 5.54 0.431 72.907 2.88 0.802

11 5 0.76 8.36 1.59 0.25 1.95 1.90 1.43 14.81 0.217 0.543 6.08 0.285 72.778 3.62 0.807

12 5 0.76 9.12 0.82 0.25 0.04 1.22 0.58 15.39 0.089 0.671 6.76 0.117 74.073 4.47 0.543

Total 9.12 9.12 15.39 2.365 6.755 6.76 0.259

Average 1.30 1.27 1.20 1.42 1.296 73.096 3.75 0.586

C0 = initial concentration; Cf = final concentration.  
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Table A3. Efficiency of Cr removal by OMx, Co = 5 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

OMx 1 

Cf 

OMx 2 

Cf 

OMx 3 

Cf 

OMx 4 

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.76 0.76 0.17 0.53 0.23 0.62 0.39 0.39 0.059 0.701 0.70 0.078 92.238 4.67 0.225

2 5 0.76 1.52 0.20 0.21 0.28 0.36 0.26 0.65 0.040 0.720 1.42 0.053 93.486 4.80 0.073

3 5 0.76 2.28 0.40 0.35 0.36 0.40 0.38 1.03 0.057 0.703 2.12 0.076 93.139 4.68 0.026

4 5 0.76 3.04 0.23 0.26 0.29 0.33 0.27 1.30 0.042 0.718 2.84 0.055 93.485 4.79 0.042

5 5 0.76 3.80 0.05 0.03 0.05 0.26 0.10 1.40 0.015 0.745 3.59 0.020 94.395 4.97 0.112

6 5 0.76 4.56 0.20 0.17 0.19 0.18 0.19 1.59 0.028 0.732 4.32 0.037 94.711 4.88 0.013

Total 5 1.14 1.59 0.241 4.319 4.32 0.053

Average 2.66 0.21 0.26 0.23 0.36 1.060 0.040 0.720 0.053 93.576 4.80

C0 = initial concentration; Cf = final concentration.  
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Table A4. Efficiency of Cr removal by HA, Co = 5 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

HA 1 

Cf 

HA 2 

Cf

HA 3 

Cf 

HA 4 

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.40 0.40 0.87 0.87 0.69 1.16 0.90 0.90 0.072 0.33 0.33 0.18 82.060 4.10 0.195

2 5 0.40 0.80 1.29 0.94 2.50 3.33 2.02 2.91 0.161 0.24 0.57 0.40 70.872 2.98 1.101

3 5 0.40 1.20 2.68 0.82 4.00 4.17 2.92 5.83 0.233 0.17 0.73 0.58 61.134 2.08 1.550

4 5 0.40 1.60 1.80 1.17 4.33 3.71 2.75 8.58 0.220 0.18 0.91 0.55 57.089 2.25 1.504

5 5 0.40 2.00 3.19 1.86 5.00 4.80 3.71 12.29 0.297 0.10 1.02 0.74 50.835 1.29 1.479

6 5 0.40 2.40 2.10 3.00 5.00 3.22 3.33 15.62 0.266 0.13 1.15 0.67 47.930 1.67 1.214

7 5 0.40 2.80 3.31 4.11 5.00 4.29 4.18 19.80 0.334 0.07 1.22 0.84 43.430 0.82 0.695

8 5 0.40 3.20 4.08 4.57 5.00 4.68 4.58 24.38 0.367 0.03 1.25 0.92 39.043 0.42 0.379

9 5 0.40 3.60 4.21 3.92 5.00 3.90 4.26 28.64 0.340 0.06 1.31 0.85 36.359 0.74 0.517

10 5 0.40 4.00 1.10 2.75 5.00 3.18 3.01 31.65 0.241 0.16 1.47 0.60 36.709 1.99 1.603

11 5 0.40 4.40 2.70 3.05 5.00 3.08 3.46 35.10 0.277 0.12 1.59 0.69 36.174 1.54 1.042

12 5 0.40 4.80 2.15 3.03 5.00 3.96 3.53 38.64 0.283 0.12 1.71 0.71 35.606 1.47 1.225

Total 4.80 4.80 38.64 3.091 1.709 1.71 0.644

Average 2.46 2.51 4.29 3.62 3.220 49.770 1.78 1.042

C0 = initial concentration; Cf = final concentration.  
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Table A5. Efficiency of Cr removal by ZVI, Co = 50 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

ZVI 4   

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 2.5 2.50 0.61 0.49 0.62 1.98 0.92 0.92 0.046 2.454 2.45 0.018 98.152 49.08 0.732

2 50 2.5 5.00 1.75 1.85 1.64 1.67 1.73 2.65 0.086 2.414 4.87 0.035 97.349 48.27 0.098

3 50 2.5 7.50 1.43 2.08 1.68 1.51 1.67 4.32 0.084 2.416 7.28 0.033 97.117 48.33 0.303

4 50 2.5 10.00 2.00 2.31 1.75 1.85 1.98 6.30 0.099 2.401 9.68 0.040 96.848 48.02 0.253

5 50 2.5 12.50 2.00 3.14 1.94 1.88 2.24 8.55 0.112 2.388 12.07 0.045 96.582 47.76 0.628

6 50 2.5 15.00 1.32 1.93 1.39 1.64 1.57 10.11 0.078 2.422 14.49 0.031 96.629 48.43 0.290

Total 15 3.75 10.11 0.506 14.494 14.49 0.034

Average 8.75 1.52 1.97 1.50 1.75 5.477 0.084 2.416 0.034 97.113 48.31 0.384

C0 = initial concentration; Cf = final concentration.  

 

Table A6. Efficiency of Cr removal by OM, Co = 50 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 

OM 4 

Cf 
Total avg.

Added avg. 

solution
Cr Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per volume
 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 7.6 7.60 2.10 3.13 2.14 2.29 2.41 2.41 0.367 7.233 7.23 0.048 95.172 48.22 0.482

2 50 7.6 15.20 11.33 7.13 3.52 2.86 6.21 8.63 0.944 6.656 13.89 0.124 91.373 44.37 3.896

3 50 7.6 22.80 6.41 4.77 3.35 5.57 5.02 13.65 0.764 6.836 20.73 0.100 90.900 45.58 1.304

4 50 7.6 30.40 20.06 20.37 7.55 13.68 15.42 29.07 2.343 5.257 25.98 0.308 85.467 35.04 6.083

5 50 7.6 38.00 12.83 10.28 7.65 6.54 9.33 38.39 1.418 6.182 32.16 0.187 84.643 41.22 2.816

6 50 7.6 45.60 6.31 5.82 4.50 4.17 5.20 43.59 0.790 6.810 38.97 0.104 85.469 45.40 1.028

Total 46 45.60 43.59 6.63 38.974 38.97 0.145

Average 9.84 8.58 4.79 5.85 22.624 1.104 6.496 0.145 88.837 43.30 2.602

C0 = initial concentration; Cf = final concentration.  
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Table A7. Efficiency of Cr removal by OMx, Co = 50 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

OMx 1 

Cf 

OMx 2 

Cf 

OMx 3 

Cf 

OMx 4 

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per volume
 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 7.6 7.60 3.29 12.73 7.96 5.53 7.38 7.38 1.122 6.478 6.48 0.148 85.243 43.19 4.043

2 50 7.6 15.20 3.52 9.02 7.58 5.20 6.33 13.71 0.962 6.638 13.12 0.127 86.293 44.25 2.444

3 50 7.6 22.80 3.99 11.77 13.81 6.44 9.00 22.71 1.368 6.232 19.35 0.180 84.860 41.54 4.562

4 50 7.6 30.40 2.91 15.57 10.60 6.62 8.92 31.63 1.356 6.244 25.59 0.178 84.183 41.62 5.429

5 50 7.6 38.00 2.43 9.36 5.57 5.84 5.80 37.43 0.882 6.718 32.31 0.116 85.026 44.79 2.833

6 50 7.6 45.60 2.54 14.28 13.72 8.80 9.84 47.27 1.495 6.105 38.41 0.197 84.243 40.70 5.453

Total 46 45.60 47.27 7.19 38.415 38.41 0.158

Average 3.11 12.12 9.87 6.41 26.689 1.198 6.402 0.158 84.975 42.68 4.127

C0 = initial concentration; Cf = final concentration.  

 

Table A8. Efficiency of Cr removal by HA, Co = 50 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

HA 1 

Cf 

HA 2 

Cf

HA 3 

Cf 

HA 4 

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 4 4.00 45.79 21.43 21.98 24.09 28.32 28.32 2.266 1.734 1.73 0.566 43.353 21.68 11.703

2 50 4 8.00 46.17 36.13 39.11 35.18 39.15 67.47 3.132 0.868 2.60 0.783 32.527 10.85 4.973

3 50 4 12.00 51.22 40.06 52.02 48.09 47.85 115.32 3.828 0.172 2.77 0.957 23.121 2.15 5.462

4 50 4 16.00 57.48 45.24 55.70 53.18 52.90 168.22 4.232 -0.232 2.54 1.058 15.889 0.00 5.403

5 50 4 20.00 58.69 51.70 59.28 57.68 56.84 225.06 4.547 -0.547 2.00 1.137 9.976 0.00 3.486

6 50 4 24.00 58.34 47.45 58.63 57.20 55.41 280.47 4.433 -0.433 1.56 1.108 6.511 0.00 5.338

Total 24 6.00 280.47 22.437 1.563 1.56 0.935

Average 14.00 52.95 40.34 47.79 45.90 147.477 3.740 0.260 0.935 21.896 5.78 6.061

C0 = initial concentration; Cf = final concentration.  
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Table A9. Efficiency of Cr removal by ZVI, Co = 200 mg/l. 

PV
C0 

solution
Cr C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

ZVI 4   

Cf 

Total avg. 

solution

Added avg. 

solution
Cr  Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

 σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 200 10 10.00 7.56 7.29 7.91 7.37 7.53 7.53 0.377 9.623 9.62 0.038 96.233 192.47 0.273

2 200 10 20.00 11.28 11.99 12.44 13.53 12.31 19.84 0.616 9.385 19.01 0.062 95.039 187.69 0.945

3 200 10 30.00 12.24 13.21 11.51 6.03 10.75 30.59 0.537 9.463 28.47 0.054 94.902 189.25 3.223

4 200 10 40.00 11.01 12.28 11.00 12.44 11.68 42.27 0.584 9.416 37.89 0.058 94.716 188.32 0.784

5 200 10 50.00 7.51 7.51 8.57 5.87 7.36 49.64 0.368 9.632 47.52 0.037 95.036 192.64 1.117

6 200 10 60.00 8.91 10.51 8.11 8.91 9.11 58.74 0.455 9.545 57.06 0.046 95.105 190.89 1.007

Total 60 15.00 58.74 2.937 57.063 57.06 0.049

Average 35.00 9.75 10.46 9.92 9.02 34.770 0.490 9.510 0.049 95.172 190.21 1.225

C0 = initial concentration; Cf = final concentration.  

 

Table A10. Efficiency of Cd removal by ZVI, Co = 5 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

ZVI 4   

Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd  Cf Cd trapped
Cumulative 

Cd trapped
Cf/Co

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.25 0.25 0.00 0.00 0.01 0.00 0.00 0.00 0.000 0.250 0.25 0.001 99.908 4.80 0.002

2 5 0.25 0.50 0.02 0.01 0.00 0.00 0.01 0.01 0.000 0.250 0.50 0.001 99.883 4.80 0.009

3 5 0.25 0.75 0.00 0.00 0.00 0.00 0.00 0.01 0.000 0.250 0.75 0.000 99.922 4.81 0.000

4 5 0.25 1.00 0.01 0.02 0.01 0.00 0.01 0.02 0.000 0.250 1.00 0.002 99.900 4.80 0.005

5 5 0.25 1.25 0.01 0.03 0.03 0.01 0.02 0.04 0.001 0.249 1.25 0.004 99.850 4.79 0.013

6 5 0.25 1.50 0.00 0.24 0.00 0.00 0.06 0.10 0.003 0.247 1.50 0.012 99.673 4.75 0.136

Total 2 1.50 0.18 0.00 1.50 1.495 0.00

Average 0.01 0.05 0.01 0.00 0.02 0.001 0.249 0.003 99.856 4.79 0.027

C0 = initial concentration; Cf = final concentration.  
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Table A11. Efficiency of Cd removal by OM, Co = 5 mg/l. 

PV
C0 

solution
Cd C0

Cr 

added

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 
OM 4 Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd Cf Cd trapped
Cumulative 

Cd trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.76 0.76 0.03 0.03 0.01 0.01 0.02 0.02 0.003 0.757 0.76 0.003 99.657 4.983 0.013

2 5 0.76 1.52 0.01 0.10 0.00 0.02 0.03 0.05 0.005 0.755 1.51 0.006 99.504 4.968 0.057

3 5 0.76 2.28 0.00 0.08 0.01 0.03 0.03 0.08 0.005 0.755 2.27 0.006 99.461 4.969 0.043

4 5 0.76 3.04 0.03 0.08 0.00 0.00 0.03 0.11 0.004 0.756 3.02 0.005 99.460 4.973 0.038

5 5 0.76 3.80 0.01 0.01 0.00 0.04 0.01 0.12 0.002 0.758 3.78 0.003 99.513 4.986 0.005

6 5 0.76 4.56 0.04 0.11 0.12 0.05 0.08 0.20 0.012 0.748 4.53 0.016 99.329 4.921 0.041

Total 5 4.56 0.58 0.03 4.53 4.529 0.01

Average 0.02 0.07 0.02 0.02 0.03 0.005 0.755 0.007 99.487 4.966 0.033

C0 = initial concentration; Cf = final concentration.  

Table A12. Efficiency of Cd removal by OMx, Co = 5 mg/l. 

PV
C0 

solution
Cd C0

Cr 

added

OMx 1 

Cf 

OMx 2 

Cf 

OMx 3 

Cf 

Total 

avg. 

solution

Added 

avg. 

solution

Cd  Cf 
Cd 

trapped

Cumulative 

Cd trapped
Cf/Co

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.76 0.76 0.06 0.13 0.13 0.11 0.11 0.016 0.744 0.74 0.022 97.836 4.892 0.041

2 5 0.76 1.52 0.05 0.04 0.04 0.04 0.15 0.006 0.754 1.50 0.008 98.504 4.959 0.005

3 5 0.76 2.28 0.04 0.01 0.01 0.02 0.17 0.003 0.757 2.25 0.004 98.870 4.980 0.021

4 5 0.76 3.04 0.01 0.01 0.01 0.01 0.18 0.001 0.759 3.01 0.001 99.123 4.994 0.001

5 5 0.76 3.80 0.04 0.03 0.01 0.03 0.20 0.004 0.756 3.77 0.006 99.184 4.971 0.019

6 5 0.76 4.56 0.03 0.04 0.03 0.04 0.24 0.006 0.754 4.52 0.007 99.198 4.963 0.007

Total 5 4.56 1.05 0.04 4.52 4.523 0.01

Average 0.04 0.04 0.04 0.04 0.006 0.754 0.008 98.786 4.960 0.016

C0 = initial concentration; Cf = final concentration.  
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Table A13. Efficiency of Cd removal by HA, Co = 5 mg/l. 

PV
C0 

solution
Cd C0

Cr 

added

HA 1 

Cf 

HA 2 

Cf

HA 3 

Cf 

HA 4 

Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd  Cf Cd trapped
Cumulative 

Cd trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 5 0.4 0.40 0.01 0.01 0.00 0.00 0.01 0.01 0.000 0.400 0.40 0.001 99.897 4.99 0.006

2 5 0.4 0.80 0.15 0.04 0.02 0.03 0.06 0.07 0.005 0.395 0.79 0.012 99.344 4.94 0.070

3 5 0.4 1.20 0.00 0.00 0.08 0.02 0.02 0.09 0.002 0.398 1.19 0.005 99.398 4.98 0.043

4 5 0.4 1.60 0.01 0.00 0.01 0.02 0.01 0.10 0.001 0.399 1.59 0.002 99.503 4.99 0.006

5 5 0.4 2.00 0.10 0.03 0.09 0.03 0.06 0.16 0.005 0.395 1.99 0.012 99.366 4.94 0.037

6 5 0.4 2.40 0.71 0.02 0.02 0.00 0.19 0.35 0.015 0.385 2.37 0.038 98.839 4.81 0.398

Total 2 2.40 0.77 0.03 2.37 2.372 0.01

Average 0.16 0.02 0.04 0.02 0.06 0.005 0.395 0.012 99.391 4.94 0.093

C0 = initial concentration; Cf = final concentration.  

 

Table A14. Efficiency of Cd removal by ZVI, Co = 50 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

ZVI 4   

Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd  Cf Cd trapped
Cumulative 

Cd trapped
Cf/Co

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 2.5 2.50 0.61 0.77 0.10 0.47 0.49 0.49 0.024 2.476 2.48 0.010 99.030 47.61 0.350

2 50 2.5 5.00 0.68 0.68 0.64 0.52 0.63 1.11 0.031 2.469 4.94 0.013 98.886 47.47 0.022

3 50 2.5 7.50 0.07 0.11 0.09 0.18 0.11 1.23 0.006 2.494 7.44 0.002 99.181 47.97 0.020

4 50 2.5 10.00 0.02 0.07 0.00 0.20 0.07 1.30 0.004 2.496 9.93 0.001 99.349 48.01 0.032

5 50 2.5 12.50 0.07 0.36 0.13 0.22 0.20 1.50 0.010 2.490 12.43 0.004 99.401 47.89 0.152

6 50 2.5 15.00 0.10 0.08 0.19 0.13 0.13 1.62 0.006 2.494 14.92 0.003 99.459 47.96 0.061

Total 15 15.00 7.25 0.08 14.92 14.919 0.01

Average 0.26 0.34 0.19 0.29 0.27 0.014 2.486 0.005 99.218 47.82 0.106

C0 = initial concentration; Cf = final concentration.  
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Table A15. Efficiency of Cd removal by OM, Co = 50 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 
OM 4 Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd Cf Cd trapped
Cumulative 

Cd trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 7.6 7.60 1.48 2.01 0.00 1.02 1.13 1.13 0.171 7.429 7.43 0.023 97.745 48.873 1.039

2 50 7.6 15.20 0.14 0.12 0.84 0.23 0.33 1.46 0.051 7.549 14.98 0.007 98.538 49.666 0.406

3 50 7.6 22.80 0.68 0.63 0.05 0.04 0.35 1.81 0.053 7.547 22.52 0.007 98.792 49.649 0.349

4 50 7.6 30.40 0.08 0.07 0.04 0.18 0.09 1.91 0.014 7.586 30.11 0.002 99.048 49.908 0.019

5 50 7.6 38.00 0.16 0.19 0.11 0.21 0.17 2.07 0.025 7.575 37.68 0.003 99.171 49.833 0.040

6 50 7.6 45.60 0.20 0.22 0.14 0.25 0.20 2.28 0.031 7.569 45.25 0.004 99.242 49.798 0.039

Total 46 45.60 10.65 0.35 45.25 45.254 0.01

Average 0.46 0.54 0.20 0.32 0.38 0.058 7.542 0.008 98.756 49.621 0.315

C0 = initial concentration; Cf = final concentration.  
 

Table A16. Efficiency of Cd removal by OMx, Co = 50 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

OMx 1 

Cf 

OMx 2 

Cf 

OMx 3 

Cf 

Total 

avg. 

solutio

n

Added 

avg. 

solution

Cd  Cf 
Cd 

trapped

Cumulative 

Cd trapped

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 7.6 7.60 0.60 1.36 0.53 0.83 0.83 0.126 7.474 7.47 98.338 49.169 0.462

2 50 7.6 15.20 0.15 0.03 0.08 0.09 0.92 0.013 7.587 15.06 99.083 49.914 0.057

3 50 7.6 22.80 0.06 0.19 0.04 0.10 1.01 0.015 7.585 22.65 99.325 49.904 0.079

4 50 7.6 30.40 0.18 0.02 0.25 0.15 1.16 0.023 7.577 30.22 99.419 49.850 0.117

5 50 7.6 38.00 0.27 0.61 0.50 0.46 1.62 0.070 7.530 37.75 99.351 49.539 0.171

6 50 7.6 45.60 0.62 0.27 0.51 0.47 2.09 0.071 7.529 45.28 99.303 49.533 0.176

Total 46 45.60 7.64 0.32 45.28 45.282

Average 0.31 0.41 0.32 0.35 0.053 7.547 99.137 49.652 0.177

C0 = initial concentration; Cf = final concentration.  

 



103 

 

Table A17. Efficiency of Cd removal by HA, Co = 50 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

HA 1 

Cf 

HA 2 

Cf

HA 3 

Cf 

HA 4 

Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd  Cf Cd trapped
Cumulative 

Cd trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 50 4 4.00 0.28 0.89 0.44 0.70 0.58 0.58 0.046 3.954 3.95 0.012 98.845 49.42 0.316

2 50 4 8.00 0.83 0.61 0.36 0.40 0.55 1.13 0.044 3.956 7.91 0.011 98.870 49.45 0.234

3 50 4 12.00 0.63 0.48 0.55 0.79 0.61 1.74 0.049 3.951 11.86 0.012 98.838 49.39 0.073

4 50 4 16.00 0.10 0.20 0.30 0.05 0.16 1.91 0.013 3.987 15.85 0.003 99.046 49.84 0.102

5 50 4 20.00 0.19 0.42 0.14 0.26 0.25 2.16 0.020 3.980 19.83 0.005 99.135 49.75 0.151

6 50 4 24.00 0.27 0.13 0.10 0.08 0.15 2.31 0.012 3.988 23.82 0.003 99.231 49.86 0.095

Total 24 24.00 9.83 0.18 23.82 23.815 0.01

Average 0.38 0.46 0.32 0.38 0.38 0.031 3.969 0.008 98.994 49.62 0.162

C0 = initial concentration; Cf = final concentration.  

 

Table A18. Efficiency of Cd removal by ZVI, Co = 200 mg/l. 

 

PV
C0 

solution
Cd C0

Cr 

added

ZVI 1   

Cf 

ZVI 2   

Cf 

ZVI 3   

Cf 

Total avg. 

solution

Added 

avg. 

solution

Cd  Cf 
Cd 

trapped

Cumulative 

Cd trapped

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 200 10 10.00 0.23 0.91 0.00 0.38 0.38 0.019 9.981 9.98 99.811 191.944 0.308

2 200 10 20.00 0.36 0.09 0.75 0.40 0.78 0.020 9.980 19.96 99.806 191.923 0.585

3 200 10 30.00 0.36 0.49 0.27 0.37 1.15 0.019 9.981 29.94 99.808 191.949 0.856

4 200 10 40.00 0.28 0.48 0.01 0.26 1.41 0.013 9.987 39.93 99.824 192.060 0.735

5 200 10 50.00 2.45 2.81 2.09 2.45 3.86 0.123 9.877 49.81 99.614 189.949 0.616

6 200 10 60.00 2.13 1.36 1.63 1.71 5.57 0.085 9.915 59.72 99.536 190.667 1.222

Total 60 60.00 5.57 0.28 59.72 59.722

Average 0.97 1.02 0.79 0.93 0.046 9.954 99.733 191.415 0.72

C0 = initial concentration; Cf = final concentration.  
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Table A19. Efficiency of Cd removal by HA, Co = 200 mg/l. 

PV
C0 

solution
Cd C0

Cr 

added
HA 1 Cf HA 2 Cf HA 3 Cf 

Total 

avg. 

solution

Added avg. 

solution
Cd  Cf 

Cd 

trapped

Cumulative 

Cd trapped
Cf/C0

Removal 

rate

Efficiency 

per 

volume

σ

# mg/l mg mg mg/l mg/l mg/l mg/l mg/l mg mg mg % mg/l

1 200 16 16.00 1.43 0.92 0.63 0.99 0.99 0.079 15.921 15.92 0.005 99.504 199.009 0.405

2 200 16 32.00 1.97 0.36 1.51 1.28 2.27 0.102 15.898 31.82 0.006 99.432 198.720 0.830

3 200 16 48.00 0.35 0.03 0.13 0.17 2.44 0.014 15.986 47.80 0.001 99.593 199.831 0.163

4 200 16 64.00 0.13 0.00 0.00 0.04 2.48 0.004 15.996 63.80 0.000 99.689 199.956 0.077

5 200 16 80.00 2.67 2.04 1.69 2.13 4.62 0.171 15.829 79.63 0.011 99.538 197.867 0.493

6 200 16 96.00 0.21 1.21 0.49 0.64 5.26 0.051 15.949 95.58 0.003 99.562 199.360 0.516

Total 96 96.00 5.26 0.42 95.58 95.579 0.00

Average 1.13 0.76 0.74 0.88 0.070 15.930 0.004 99.553 199.124 0.414

C0 = initial concentration; Cf = final concentration.  
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Table A20. Organic matter column leaching of Cr (Cr = 50 mg/l). 

PV
C0 

solution
Cr C0

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 

Total avg 

solution.

Added avg. 

solution
Cr Cf 

Cr 

trapped

Cumulative 

Cr trapped
Cf/C0

Efficiency 

per volume
σ

# mg/l mg mg/l mg/l mg/l mg/l mg/l mg mg mg mg/l

1 50 7.6 27.90 15.31 12.01 18.41 18.41 2.798 4.802 4.80 0.368 31.593 8.385

2 50 7.6 4.33 2.39 3.73 3.48 21.89 0.529 7.071 11.87 0.438 46.517 0.993

3 50 7.6 10.13 20.76 11.76 14.22 36.11 2.161 5.439 17.31 0.722 35.783 5.725

4 50 7.6 12.05 8.78 4.63 8.49 44.59 1.290 6.310 23.62 0.892 41.513 3.719

5 50 7.6 5.95 3.71 5.53 5.06 49.66 0.770 6.830 30.45 0.993 44.937 1.191

6 50 7.6 4.63 3.20 4.13 3.99 53.64 0.606 6.994 37.45 1.073 46.013 0.726

7 50 7.6 4.97 4.09 4.11 4.39 58.03 0.667 6.933 44.38 1.161 45.610 0.502

8 50 7.6 9.33 8.64 9.76 9.24 67.28 1.405 6.195 50.57 1.346 40.757 0.565

9 50 7.6 14.70 13.48 16.72 14.97 82.24 2.275 5.325 55.90 1.645 35.033 1.636

10 50 7.6 8.16 7.46 9.77 8.46 90.71 1.287 6.313 62.21 1.814 41.536 1.183

11 50 7.6 5.25 5.68 6.31 5.75 96.45 0.873 6.727 68.94 1.929 44.254 0.531

12 50 7.6 14.95 12.79 11.41 13.05 109.50 1.984 5.616 74.56 2.190 36.950 1.784

Total 91 109.50 16.64 74.56 74.555 0.18

Average 10.20 8.86 8.32 9.13 1.387 6.213 1.214 40.875 2.245

C0 = initial concentration; Cf = final concentration.  
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Table A21. Organic matter column leaching of Cd (Cd = 50 mg/l). 

PV
C0 

solution
Cd C0

OM 1 

Cf 

OM 2 

Cf 

OM 3 

Cf 

Total avg. 

solution

Added avg. 

solution
Cd Cf 

Cd 

trapped

Cumulative 

Cd trapped
Cf/C0

Efficiency 

per volume
σ

# mg/l mg mg/l mg/l mg/l mg/l mg/l mg mg mg mg/l

1 50 7.6 0.41 0.51 0.60 0.38 0.00 0.058 7.542 7.54 0.000 49.493 0.095

2 50 7.6 0.55 0.28 0.40 0.31 0.31 0.047 7.553 15.10 0.006 49.590 0.135

3 50 7.6 1.44 0.17 0.31 0.48 0.79 0.073 7.527 22.62 0.016 49.360 0.696

4 50 7.6 0.43 0.61 0.63 0.42 1.21 0.063 7.537 30.16 0.024 49.443 0.110

5 50 7.6 0.53 0.62 1.30 0.61 1.82 0.093 7.507 37.67 0.036 49.183 0.421

6 50 7.6 0.24 0.25 0.64 0.28 2.10 0.043 7.557 45.22 0.042 49.623 0.228

7 50 7.6 0.84 0.65 0.60 0.70 2.80 0.106 7.494 52.72 0.056 49.303 0.127

8 50 7.6 0.14 0.06 0.23 0.15 2.94 0.022 7.578 60.30 0.059 49.854 0.087

9 50 7.6 0.00 0.00 2.05 0.69 3.63 0.104 7.496 67.79 0.073 49.314 1.182

10 50 7.6 0.16 0.10 2.28 0.85 4.47 0.129 7.471 75.26 0.089 49.153 1.242

11 50 7.6 0.09 0.02 0.12 0.08 4.55 0.011 7.589 82.85 0.091 49.924 0.053

12 50 7.6 0.26 0.36 0.40 0.34 4.89 0.052 7.548 90.40 0.098 49.659 0.069

Total 91 4.89 0.80 90.40 90.399 0.01

Average 0.42 0.30 0.80 0.44 0.067 7.533 0.049 49.492 0.370

C0 = initial concentration; Cf = final concentration.  
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III. Statistics table 

HA OM 0.014 HA OM .349

HA OMx <0.001 HA OMx .398

HA ZVI <0.001 HA ZVI .004

OM OMx 0.009 OM OMx .922

OM ZVI 0.008 OM ZVI .001

OMx ZVI 0.968 OMx ZVI .001

HA OM <0.001 HA OM .884

HA OMx <0.000 HA OMx .682

HA ZVI <0.001 HA ZVI .000

OM OMx .807 OM OMx .580

OM ZVI .045 OM ZVI <0.001

OMx ZVI .028 OMx ZVI <0.001

OM OMx <0.001 OM OMx <0.001

HA-Cr HA-Cd <0.001 HA-Cr HA-Cd <0.001

OM-Cr OM-Cd .001 OM-Cr OM-Cd .003

OMx-Cr OMx-Cd .709 OMx-Cr OMx-Cd .002

ZVI-Cr ZVI-Cd .668 ZVI-Cr ZVI-Cd .835

OM-Co = 50 mg/l OM-Co = 50 mg/l

Chromium 

Co = 50 mg/l

Treatment

Treatments to 

compare with p

Co = 5 mg/l

Chromium and Cadmium

Co = 5 mg/l Co = 50 mg/l

p = The mean difference is significant at the 0.05 level. Co = initial concentration

Cadmium

Treatment

Treatments to 

compare with p

Co = 5 mg/l

Co = 50 mg/l

 

 

 

 

 

 

 

 


